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Forord

Syftet med foreliggande rapport &r att sammanstélla och vérdera effekterna av att
upphora med kalkning i1 forsurade ytvatten med fokus pa de forandringar av biologi —
biologisk mangfald som kan uppkomma. Studien har foranletts av att det saknas ett ordentligt
kunskapsunderlag om forandringarna nér kalkning avslutas i fortid, vilket gor det svart att
bedoma vad en framtida minskning av nuvarande kalkningsverksamhet kan komma att
innebéra.

En minskad kalkning av forsurade ytvatten aktualiserades genom den statliga
utredningen om kalkningens effekter och kostnadseffektivitet (SOU 1996:53) och
efterfoljande propositioner till riksdagen. Den statliga utredningen konstaterade att en
nedskérning till foreslagen nivd pd 140 miljoner kronor skulle komma att medfora
aterforsurning och risker for minskad biologisk mangfald i samband med att ett visst antal
ytvatten som kalkats skulle hamna utanfor kalkningsprogrammet. Ett tilldggsdirektiv om att
utreda nivan 80 miljoner kronor ansags omdgjligt att bedoma p.g.a. den omfattande
aterforsurning som skulle ha blivit resultatet av en sddan drastisk reduktion.

Kalkningen dr en fraga som fortfarande engagerar allmént inom landet och det finns
en insikt om att biologisk mangfald i manga vatten endast upprétthalls tack vare
kalkningséatgarder. Minskade insatser och dérav orsakad aterforsurning som leder till
biologiska skador har svart att accepteras, och kalkningsutredningens foérslag (140 miljoner
kronor) orsakade en omfattande mediadebatt och protester fran bl.a. sportfiskeorganisationer,
fiskevattenigare, forskare och handldggare pé framforallt Lansstyrelserna.

Arbetet har genomforts med stdd frén Naturvardsverkets forskningsanslag och fran
Stiftelsen miljostrategisk forskning (MISTRA).
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Sammanfattning

Denna rapport dr en oversiktlig genomgéng av de idag tillgéngliga, delvis publicerade,
experimentella erfarenheterna av kemiska och biologiska effekter vid aterforsurning i ytvatten
dér kalkning avbrutits. Sammanstéillningen har genomforts i avsikt att bredda
kunskapsunderlaget for diskussioner om tdnkbara effekter i samband med att kalkningen
upphdr i vissa ytvatten. Som bakgrundsdokument 4r dessutom en litteraturdversikt bifogad,
vilken dven inkluderar 6vrig litteratur rérande forsurning - kalkning som kan anses ha en viss
allmin relevans for kunskapsldget avseende aterforsurning av kalkade vatten (se Appendix).

Resultatet fran hittills genomforda faltstudier av aterforsurning, endast tre stycken av
nagon storre omfattning i Sverige, visade att stora fordndringar intrddde snabbt. Utvecklingen
gick mot forhdllanden liknande de i det sura tillstindet, med bade negativ utveckling av
ekosystemet och en pétaglig haltokning av aluminium m.fl. metaller i vattnet. Experimentell
forsurning av vattnet 6ver sedimentproppar visade att tidigare deponerade metaller kan 16sas
ut fran sedimenten. De hittills genomforda aterforsurningsstudierna utférdes mestadels i gravt
forsurningsskadade sjoar, i ett fall ocksé efter relativt kortvarig kalkning, och kan darfor vara
ett otillrackligt underlag for att kunna generalisera de effekter som kan uppsta vid
aterforsurning av kalkade sjoar. Minga av de observerade biologiska fordndringarna
sammanfaller med vad som generellt observerats i samband med forsurning av sjoar men
vissa biologiska forédndringar var dock avvikande och 1 ndgra fall av delvis ovéntad natur.
Omfattningen och hastigheten i de senare fallen indikerade att de aktuella
organismsamhéllena saknade vissa reglerande mekanismer (interaktioner) och darfor
genomgick en utveckling priglad av instabilitet under aterférsurningen.

Det sura svavelnedfallet har minskat med ca. 60 % sedan 70-talet vilket medfort en
proportionell dterhdmtning av vattenkemi och dven biota i vissa ytvatten inom regioner som
haft kortvarigt eller litet dverskridande av den kritiska forsurningsbelastningen (ringa
markforsurning). Daremot har den minskade belastningen pa ytvattnen hittills resulterat i smé
positiva fordndringar inom de mest forsurade omradena i s6dra Sverige. Trots en halvering av
sulfathalt och surhet i ménga sjéar och vattendrag, har fi biologiska férdndringar observerats,
da pH véarden <5 och toxiska aluminiumhalter fortfarande medfor negativa effekter pa de
flesta kénsliga organismer. Modellsimuleringar har visat att dterhdmtningen inom sédana
omraden kommer att ta mycket lang tid (10- tals till kanske 100 ar) eftersom forsurningen av
marken varit omfattande. Inom dessa omraden, med en 1ag kritisk belastningsgréns, krivs
ytterligare reduktion av belastningen samt i vissa fall t.o.m. kompletterande atgiarder som
markkalkning. Aven depositionen av flera tungmetaller har minskat kraftigt under de senaste
decennierna, sirskilt den ldngdistanstransporterade andelen, men hur stora fordndringar detta
medfort pa ytvattnens innehdll av tungmetaller dr 1 dagsliget osdkert, eftersom lidngre
tidsserier fran skogssjoar saknas inom miljodvervakningen.

Av de kalkade sjoarna i Sverige, ca. 7500 st, berdknas mer &n 1700 sjoar kunna fa pH-
virden under 5,4 och forlora alkaliniteten om kalkningar upphor i nuléget. De flesta sjoarna
som kan komma att aterforsuras till pH-virden under 5,4 dr beldgna inom de omraden i
sydvéstra Sverige som dr mest forsurningsskadade. Stoppad kalkning 1 dessa sjoar skulle
medfora langtgdende aterforsurning inom en tidsrymd av ca. 2 - 3 génger den teoretiska
omsdttningstiden, for manga sjoar motsvarande 3 till 9 ar. Sannolikt skulle manga av de
effekter som observerats i de hiir genomgéngna aterforsurningsstudierna uppstd. Aven sjoar
som skulle dterforsuras till pH-virden mellan 5,4 och 6,0 kan riskera att fa skador pa
populationer av kénsligare arter. Drygt 4000 sjoar skulle f4 pH-varden under 6,0 vid en



stoppad kalkning. I sjoar med fran borjan mattlig forsurning kan en aterférsurning forvéntas
resultera i timligen marginella eller inga effekter med hansyn till minskad
forsurningsbelastning och ringa markforsurning. Denna grupp omfattar en del av de ca. 3500
sj0ar som atminstone pa langre sikt inte skulle riskera att f4 pH-varden <6,0 vid en stoppad
kalkning. I de flesta sddana fall skulle endast de allra kénsligaste arternas populationer riskera
att paverkas

Surstétar, d.v.s. episodisk tillforsel av markant surare vatten i samband med kraftiga
regn, sndsmiltning eller efter ldngre torrperioder, utgjorde 1 forsurningens inledningsskede en
viktig faktor for uppkomsten av biologiska skador eftersom sarskilt hoga halter av toxiskt
oorganiskt aluminium férekom i samband med sédana situationer. Sannolikt kan surstdtarna
utgdra ett betydande problem dven under dterhdmtningsfasen, da risk foreligger for fortsatta
utflodena av hoga aluminiumhalter i ménga sjoar och framforallt vattendrag inom de omraden
dar markforsurningen kvarstar lange varvid en positiv biologisk utveckling kommer att
motverkas. Problem kan dven fortséttningsvis upptrdda inom vissa nordligare lagbelastade
regioner dir framst hydrologiska faktorer samt kraftiga utfloden av organiska syror bidrar till
uppkomsten av surstdtar med infloden av forhojda halter av aluminium. Hogre halter av
komplexbildande organiska anjoner kan dock i sddana fall bidra till en l4gre toxisk effekt.

I denna rapport foreslas en 6versyn av kalkningsverksamheten, liksom
rekommendationer av urvalskriterier for olika ytvatten om det blir aktuellt med atgirder som
medfor en minskad kalkning. Slutligen foreslas forskningsinsatser for att belysa en del av de
oklarheter som for ndrvarande rader om effekterna i samband med &terforsurning.



INLEDNING

Forsurningen kom under borjan av 1970-talet att framsta som det storsta enskilda
miljohotet 1 Sverige, frimst genom omfattande paverkan av kénsliga ytvatten men dven for
risker av mer allménna effekter inom terrestra ekosystem samt korrosionsproblem (jfr Odén,
1968). Paverkan pa ytvattnen innebar bl.a. forluster av fisk och andra organismer, och da
dessa blev mer allmént kénda restes krav pa olika former av motétgéirder. Dérefter har under
tre decennier forsurningen varit en av de stora miljofragorna pa dagordningen. Omfattande
och ldngtgdende motatgédrder har vidtagits, bland vilka den storskaliga kalkningen av
forsurade ytvatten utgor en hogst pataglig del. Kalkningsverksamheten har engagerat
allménhet och specifikt berorda intresseorganisationer, bl.a. inom sportfisket, vilka ofta har
kravt mer insatser och ldngre gdende atgirder.

I samband med Kalkningsutredningen (SOU 1996:53) aktualiserades for forsta gdngen
frdgan om en mer generell aterforsurning. I en nyligen genomford 6versyn av verksamheten
(nationell kalkningsplan, Naturvardsverket 1999) forordas ett alternativ som innebér att
kalkningar i fortséttningen sker som en atgard bekostad till 100 % av staten. Detta alternativ
innebir ocksa, trots utdkad total statlig finansiering, att ett antal nu kalkade sjoar riskerar att
drabbas av aterforsurning da de ej prioriterats och utsikterna for en alternativ finansiering i de
flesta fall &r sm&. Det finns alltsa skél att ndrmare utvérdera specifika effekter och den mer
generella betydelsen av att kalkade vatten drabbas av aterforsurning.

Underlaget for bedomning av olika effekter pd ytvattnens ekosystem i samband med
aterforsurning utgdrs i denna rapport, dels av en litteratursammanstillning (se Appendix) och
dels en genomgang av aterforsurningsexperimenten i Ravekérrs Langevatten, Lysevatten och
Trehdrningen, samt laboratorieférsok med sediment. Slutsatserna fran dessa
fullskaleexperiment sammanvégs med data for kalkade sjoars pH-status fore dtgard
(riksinventeringen 1990) och den senaste utvecklingen av depositionen av forsurande &mnen
och metaller for att belysa omfattningen och effekterna av den aterférsurning som kan
forvéntas. Utifran dessa perspektiv ges ett antal rekommendationer om kalkningsstrategier for
att 1 mojligaste médn undvika skador till foljd av aterférsurning samt forslag pa ytterligare
forskning om effekter i samband med aterforsurning i syfte att forbéttra nuvarande
kunskapsunderlag.

Kort historik

De omfattande skadorna inom ytvattnens ekosystem som orsakas av forsurningen (jfr
Appendix) framstod redan i borjan pa 1970-talet som ett stort hot mot manga unika
fiskstammar och ovriga kénsliga organismer. Kalkning, d.v.s. neutralisation av det sura
vattnet i en sjo eller ett vattendrag, hade med goda resultat tidigare praktiserats av bl.a.
sportfiskeklubbar och sigs darfér som en framkomlig vég att mildra de negativa effekterna
som forsurningen medforde. Vidare sags kalkningen som en nédvindig forutsittning for att
mojliggora ett aterstillande” av redan gravt skadade ekosystem (jfr. Andersson et al., 1975).
Pégaende forskning om kalkningens effekter kring mitten av 70-talet visade ocksa
genomgaende mycket positiva resultat och en forsoksverksamhet med statliga medel (10
miljoner arligen) startades 1977. Efter den forsta storre utvarderingen av forséksverksamheten
overgick denna 1981/82 i det nationella kalkningsprogrammet som successivt har utvidgats
till en arlig omfattning av nédra 200 miljoner inklusive intressenters bidrag. Kopplat till



verksamheten har funnits ett begransat effektovervakningsprogram samt en begriansad
forskning. I dagsldget har kalkningarna totalt omfattat ca. 7500 sjdar, varav ca. 6500 kalkas
kontinuerligt, och berdrt i storleksordningen 11000 till 12000 km rinnande vatten. Fram till 1
dag har vi kalkat ca. 35 - 40 % av de forsurningspaverkade sjoarna (areellt dock utgdrande en
andel av drygt 50 %), medan fortfarande den storsta andelen av de forsurade smévattendragen
(totalt i storleksordningen 120000 km) &r obehandlade.

Aterférsurning av kalkade sjdar har tidigare forekommit inom ramen for
kalkningsverksamheten men di setts som ett problem orsakat av brister i den
kalkningsstrategi som tillimpats. En mer generell dokumentation av effekterna i samband
med denna typ av aterforsurning saknas dock. Nuvarande kunskapsldge harror fran ett fatal
experiment som direkt inriktats mot aterforsurning, samt fran noggranna studier bedrivna i
sj0ar som engingskalkats, d.v.s. kalkats med en stérre dos och ddrefter ”1dmnats” utan
fortsatta atgirder. Ett vidare perspektiv pd mojliga effekter av en omfattande avsiktlig
aterforsurning av vissa kalkade vatten kan moéjligen erhallas genom utvérdering av effekterna
av kalkning av forsurade ytvatten, genom att aterforsurningen helt enkelt antas i stort sett
reversera den utveckling som f6ljt pd kalkningen.

GENERELLA EFFEKTER AV FORSURNING OCH EFFEKTER VID
KALKNING AV FORSURADE YTVATTEN

Forsurningseffekter

Sedan forsurningen uppmérksammades som ett stort miljohot och kalkning startades
som en direkt motatgéird for ytvattnen, har tusentals publikationer behandlat effekter pa
ekosystemen av bade forsurningen och kalkningen (jfr Cowling och Nilsson, 1995;
Appendix). 1981 kom en forsta stérre sammanstillning av resultaten inom ramen f6r den
svenska forsoksverksamheten med kalkning (Fiskeristyrelsen och SNV, 1981), medan den
senaste sammanstillningen och utvérderingen av denna verksamhet (Henrikson och Brodin,
1995) 1 huvudsak dr baserad pa nira 20 ar av storskalig svensk kalkningsverksamhet.

Den stora och mest patagliga effekten av forsurningen dr skadade och 1 vérsta fall
totalt utslagna bestand av olika fiskarter (Hultberg och Stenson, 1970; Jensen och Snekvik,
1972; Almer et al., 1974; Grahn et al., 1974). Dessa fordndringar leder i sin tur, tillsammans
med direkta effekter av 14gt pH och toxiska aluminiumbhalter, till genomgripande forandringar
inom lagre trofinivéer (jfr. Stenson, 1985; Carpenter och Kitchell, 1993). Omfattningen av
effekterna dr beroende av sévil forsurningens intensitet och varaktighet som specifika
karakteristika for vattnet, dess avrinningsomréde och det ursprungliga ekosystemet. Oavsett
initialforhéllanden har slutstadiet i omraden med gravt forsurningsskadade ytvatten oftast
blivit fisktomma sjdar och vattendrag, med en mycket annorlunda artsammansittning men
samtidigt ocksé farre arter, vilket generellt kan ses som en langtgédende utarmning av
artdiversiteten inom bade fauna och flora (t.ex. Stenson et al., 1993; Appelberg et al., 1993;
Herrmann et al., 1993).

Grahn et al. (1974) framlade en hypotes om att forsurningen medforde en
oligotrofiering, d.v.s. minskning av produktion och nidringsomséttning, inom ekosystemet.
Detta har ifrdgasatts utifran experiment med forsurning av en sjo (Schindler, 1980), men
observationer har dock visat att forsurningen medfor en minskad omséttning av grovre
organiskt material (jfr Andersson, 1985; Stenson, 1985; Henrikson, 1996). Detta tillsammans
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med artutarmning och dvriga fordndringar som expansion av vitmossa och filtartade
tradalgstrukturer (Grahn, 1985; Andersson, 1985) medfor i ménga forsurade vatten en
langsammare nedbrytning och minskat aterflode av framforallt fosfor, som dr det viktigaste
begridnsande naringsdmnet (jfr. Dillon ef al., 1979; Blomqvist ef al., 1993). Ytterligare bidrag
till de sjointerna fordndringarna utgdr den minskning i tillférseln av fosfor fran
tillrinningsomradets starkt forsurade jordar som Persson och Broberg (1985) observerade i
Gardsjon (SV Sverige). Aven detta har dock ifrigasatts (jfr. Olsson och Petterson, 1993)
varfor fragan om forsurningens inverkan pa tillférsel/omséttning av nérsalter och
totalproduktionen i olika ytvatten behdver belysas ytterligare. Schindler (1999) anser att
forsurningen av sjoekosystemen innebir en generell minskning av diversitet (struktur) och
produktion (funktion) enligt.

Kalkningseffekter

Kalkningen har visats fungera i huvudsak tillfredsstdllande och effekterna dr i allt
vésentligt mycket positiva (t.ex. Johansson och Nyberg, 1981; Hultberg och Andersson, 1982;
Henrikson och Brodin, 1995). Den forvintade aterhamtningen har dock inte alltid blivit den
avsedda, vilket har bdde kemiska och biologiska orsaker. Variationen 1 alkalinitet och
kalciumbhalt &r storre (den intermittenta tillforseln av kalk) &n under naturliga forhallanden,
och ibland uppnas vésentligt avvikande hoga vérden (t.ex. Hasselrot et al., 1984; Hultberg
och Nystrom, 1988; Wilander et al., 1995). Vid en normal sjokalkning kvarstar dessutom en
inte obetydlig paverkan genom tillforseln av surt, aluminiumhaltigt vatten fran
avrinningsomradets sura jordar. Detta innebdr, inom sjdarnas strandzoner och sarskilt i
rinnande vatten, en fortsatt forsurningsstress pa frimst mycket kansliga arter.

Beroende pé nér i forsurningsforloppet en kalkning sétts in kommer utgangsliget for
en “aterstillande” utveckling att variera. I mindre starkt forsurningspaverkade system kan
stora delar av den ursprungliga artstrukturen vara kvar och kalkningspdverkan resulterar
endast i smarre forandringar och ekosystemet kan snabbt aterhdamta sig. I de gravt
forsurningsskadade systemen kan ddremot fordndringarna efter en kalkning dter bli mycket
genomgripande (jfr. Appelberg, 1995), och det kan krdvas decennier innan flertalet arter
adapterade till den nyskapade miljon har dterinvandrat. Avstand till spridningskillor liksom
olika organismers formaga till spridning inverkar pa forloppet, och i vissa fall kan forekomst
av fysiska hinder (t.ex. dammar eller naturliga barriérer) forsvéra eller helt forhindra ffa.
uppstromsspridning av manga organismer. Vidare torde artinteraktioner som konkurrens och
predation ibland forsvéra eller forhindra en aterinvandring/etablering av livskraftiga
populationer.

I samband med kalkning 6kar andelen effektiva littorala fragmenterare vilket ger en
okad tillforsel av framforallt fosfor. Men, vid sjokalkning péverkas inte den minskade
tillforseln av fosfor frén tillrinningsomradets starkt forsurade jordar (Persson och Broberg,
1985) vilket leder till att sjoarna inom de mest forsurade omradena forblir oligotrofierade.
Omedelbart efter kalkning av en starkt forsurad sjo sker dock en snabb nedbrytning av
upplagrat grovre organiskt material (Hultberg och Andersson, 1982; Grahn och Sangfors,
1988; jfr. Larsson 1995), vilket kan ge en kortare period av hogre produktion, oftast mest
markant inom planktonsamhéllet, da det sjointerna utbudet av fosfor tillfalligt okar (t.ex.
Eriksson ef al., 1983; Hasselrot ef al., 1984). Inom négra {4 ar atergar dock produktionen till
en niva som sannolikt 1 huvudsak bestdms av den externa fosfortillforseln (Larsson 1995)
dven om en successivt 6kad biodiversitet ocksé bidrar till en funktionell anpassning pa olika
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trofinivaer. Observationer har visat att d&ven langvarigt kalkade sjoar generellt var mindre
produktiva dn jaimforbara cirkumneutrala sjoar (jfr. Appelberg, 1995).

Annu efter flera decennier av kalkning kan tidigare dominanta arter av t.ex.
vixtplankton saknas (Hornstrom et al., 1993; Andersson och Hultberg, 1997; Hornstrém,
1999). Plankton sprids i huvudsak létt, men etablering/aterkolonisation kan forsvéras eller
forhindras p.g.a. smérre avvikelser i fysikalisk-kemiska forhéllanden jamfort med fore
forsurningen dessutom kan fordndrade interaktionsmonster till f6ljd av den avvikande
artsammansittningen bidra. I sammanhanget fortjdnar ock att papekas att ytvattnen ar
dynamiska system med en naturlig mellanarsvariation och kontinuerlig “omsittning” av viss
del av forekommande arter. Stora problem p.g.a. olika fysiska hinder (Bergquist, 1995)
medfor att tidigare forekommande arter, t.ex. sndckor och musslor, storre kraftdjur samt
manga fiskar, inte kan aterkolonisera vissa kalkade ytvatten. Dessutom kan férsurningen
lokalt/regionalt ha slagit ut vissa arter varfor spridning frdn mer avldgsna kéllor kan bli
betydligt mer tidskrdavande, en faktor som framfor allt torde vara betydelsefull for arter som dr
mer sillsynta eller har specifika krav. Atgirder som undanréjning av vandringshinder méste
ibland tillgripas och som en sista utvdg kan t.o.m. direkta inplanteringar behdva utforas.

Forhindrad dterkolonisation kan leda till ett ekosystem i det kalkade vattnet som
saknar eller har fordndrade interaktioner. Efter kalkning riskeras framforallt en mer
genomgripande fordndring av ekosystemet om fiskfaunan inte blir “komplett” eftersom
fiskpopulationerna utgdr en viktig reglerande faktor som paverkar samtliga trofinivéer i
ekosystemet (jfr Stenson, 1985; Stenson e al., 1993; Nyberg, 1998). Dirvid finns en risk for
okad instabilitet, medforande dkad kinslighet vid paverkan vilket i virsta fall kan leda till
snabba och odnskade fordandringar vid férnyad stress som t.ex. vid en kraftigare aterférsurning
(jfr. Alenés et al., 1991).

Lag strukturell stabilitet (jfr Havens och Carlsson, 1998), som vanligen uppstatt inom
starkt forsurade sjoekosystem, har ibland under en inledningsperiod efter kalkningen
resulterat i algblomningar av udda arter” (Alenis, 1986; Larsson, 1988). Inom nagra ar
intrdder vanligen den successiva forandring av systemet som leder till 6kande artantal varvid
tidigare forsurningsgynnade arter ersétts av arter battre anpassade till de hogre virden pa pH
och kalcium och det komplexa nit av interaktioner som skapas i en sddan miljo. Trots ibland
mycket utdragna aterhdmtningsforlopp, resulterar 4nda utvecklingen sa smaningom i ett
ekosystem med en struktur och med funktioner som kan antas vara liknande (ekvivalenta
med) de som forekom innan forsurningen paverkade systemet. (t.ex. Hultberg och Andersson,
1982; Eriksson et al., 1983; Hornstrom et al., 1993; Henrikson och Brodin, 1995; Lingdell
och Engblom, 1995).

ATERFORSURNING AV KALKADE VATTEN

Aterforsurning definieras hir som en minskad alkalinitet och sinkt pH-virde, med
sekundéreffekter sdsom okad halt av toxiskt aluminium, till {6ljd av ett avsiktligt upphdrande
eller minskning av padgaende kalkning. Ett riskscenario som kan aktualiseras via generella
nedskdrningar av statsbidraget till kalkningsatgirder eller fordndringar av kriterierna for
kalkningétgirder eller kalkningsobjekten. En sadan utveckling méste med nodvéndighet ocksa
kopplas till ndgon form av urvalprocess for att definiera objekt baserat pa olika karakteristika.
Processen kan ske antingen passivt (icke klassificerade sjoar dterforsuras) eller aktivt (i
kalkningsobjekt uppfyllande vissa kriterier kan kalkning upphdra eftersom aterférsurningen”
inte ger nagra eller endast resulterar i acceptabla skador/forandringar). Beroende pa val av
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kriterier respektive urvalsprinciper riskerar ett storre eller mindre antal av de ca. 6500
regelbundet kalkade objekten att utsattas for en dterforsurning som kan komma att resultera i
en rad olika biologiska effekter, framst kanske skador pd populationer av fisk och
forsurningskénsliga hotade arter.

En del sjosystem har i dagsldget kalkats regelbundet under ca. 25 ar medan de sist
atgirdade objekten har atgirdats ndgon enstaka gang under négot av de senaste dren. Eftersom
kalkning av olika objekt har skett i mycket olika stadier av utvecklingen under forsurningen
kommer en aterforsurning att ske utifran starkt varierande status med hinsyn till hur vattnens
aterhdmtning efter kalkningen utvecklats. En aterforsurning kommer ocksa att resultera i olika
slutstadier relaterat till belastningen av forsurande &mnen som kan ha &ndrats markant sedan
forsta kalkningen (minskad svaveldeposition med ca. 60 % sedan mitten av 1980-talet), men
aven den ackumulerade f6rsurningen i jordarna inom avrinningsomradet kommer att vara en
betydelsefull faktor for den framtida belastningen. Hur utveckling och slutresultatet i de olika
fallen kommer att bli dr dérfor oklart, sirskilt med beaktande av att den empiriska kunskapen
fran faktiska studier 4r mycket ringa. Riskerna for olika effekter kan dérfor inte baseras enbart
pa nagra fa direkta observationer utan dven mer allmdnna observationer av férdndringar av
ekosystemen relaterat till forsurning av olika grad maste vdgas in. Efter en fyllig
sammanfattning av nagra experimentella studier sker denna sammanvégning i ett
diskussionskapitel.

Studier av aterforsurning i sjoekosystem

Endast tva vdldokumenterade dldre svenska
aterforsurningsexperiment existerar; Lysevatten

(Alenés et al., 1991; Andersson och Hultberg, 1997) y
och Révekérrs Langevatten (Dickson et al., 1995), o B
dessutom pégar sedan ett par ar ytterligare nagra nya ; *

A

studier i Tyresta nationalpark (Edberg et al., 2000). .- .g
De forstndmnda sj0arna, beldgna 1 vistra Sveriges v Tyrestasidar
hogbelastade omraden, dr mycket kidnsliga for ) —‘.“_:--'-"J
forsurningspéaverkan liksom sjoarna inom Tyresta- y; Uevatian ““
omradet som dock péverkats av en lagre belastning Ve .

(se karta). Ytterligare undersdkningar, som kan bidra :'-_. Ravekirrs ;

med kunskap, ir laboratorieexperiment med A Langevatten

metallutlakning vid experimentell forsurning

(Willstedt, 1998, Willstedt och Borg, 2002).
Figur 1. Aterférsurningsstudier.

Fran Lysevatten, Révekédrrs Ldngevatten och Tyresta-sjoarna finns ett relativt
omfattande dataunderlag i form av tidsserier for bade vattenkemi och biologi, innefattande
undersokningar under den tid sjdarna var sura, kalkade och slutligen dterforsurade. Trots det
omfattande dataunderlaget kan det vara tveksamt med alltfor langtgaende generaliseringar da
Lysevatten (Hultberg, 1985a)och Rivekarrs Langevatten forsurades kraftigt redan under
1960-talet och kan hénforas till en grupp av de mest forsurningskansliga sjoarna i Sverige. |
Lysevatten genomfordes en kalkning med god varaktighet under ca. 6 &r medan Révekérrs
Léangevatten hade kalkats under 25 ar och Trehdrningen i Tyresta 12 ar innan kalkningarna
stoppades. For att belysa en del av de utvecklingstendenser som kan bli mdjliga i samband
med aterforsurning av sjoar sammanfattas resultaten fran dessa projekt forhallandevis utforligt
nedan
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Sjon
FAKTARUTA

Sjon Lysevatten, 40 ha och omséttningstid
2.5 ar, beldgen i Svartedalsomradet i
Bohuslén (se vidare Hultberg and
Andersson, 1982) kalkades 1974 med en
dos av ca. 32 g m” (beriknad varaktighet
10 ar). Studier av sjoekosystemet har skett i
Lysevatten under aren 1973-1987. 1
samband med att den positiva utvecklingen
efter kalkningen bréts 1 borjan av 1980-
talet bestaimdes att Lysevatten skulle fa
aterforsuras totalt. Detta for att ge
perspektiv pa den utveckling som kunde
forvéntas 1 ett tidigare kalkat sjoekosystem.

Lysevatten

Figur 2. Lysevatten

Det forsurade sjoekosystemet

Tillfalligtvis insamlade data visar att sjon Lysevatten redan i borjan av 1960-talet
paverkades av mycket omfattande perioder med surt vatten, men under sommarens
lagflodesperioder uppnaddes fortfarande pH-vérden 6ver 6. Planktonsamhaéllet under denna
tidsperiod var sammansatt, bade av arter som var kénsligare for forsurning, och arter som
Mougeotia sp. vilken senare kom att bli ett karakteristiskt inslag i den forsurade sjon. Under
det fo6ljande decenniet 6kade forsurningsbelastningen ytterligare och nér formégan i
avrinningsomradets jordar att motverka forsurningen minskade, blev sjon kroniskt sur med ett
pH-virde av ca. 4.7 (figur 3). Under loppet av detta skeende forlorade sjon ocksa stora delar
av den kvarvarande populationen av abborre i och med att reproduktionen i stort sett
upphérde.

1973 uppvisade Lysevatten ett biologiskt utarmat system karakteriserat av négra fa
arter med tolerans for en sur miljo och dessutom gynnade eller &tminstone ej negativt
paverkade av de fordndringar i interaktionsmonstren som intratt. Denna utveckling kunde
anas redan 1961/62, men da fanns fortfarande vissa arter av bade djur- och véxtplankton kvar
(t.ex. Daphnia spp. och Ceratium hirundinella), indikerande den tidigare rikare miljon med en
1 véasentliga avseenden annorlunda sammanséttning av arter anpassade till hogre pH-vérden
och andra interaktionsmdnster.

Vidstrickta littorala bottnar, liksom delar av de profundala bottnarna, var 1973 tickta
av vitmossa (Sphagnum spp.) och/eller en filtliknande struktur med dominans av
cyanobakterier som stabiliserade sedimenten pa grundare bottnar (jfr. Andersson, 1985).
Tradformiga gronalger av sliktet Mougeotia var ett annat vanligt inslag ffa. i strandzonen.
Vixtplankton dominerades av nagra fi stora dinophycéer, med Peridinium inconspicuum som
karaktdrsart, andra vanliga arter var Dinobryon pediforme och D. cylindricum. Djurplankton
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dominerades av Bosmina coregoni, Eudiaptomus gracilis samt négra fa arter av rotatorier. [
pelagialen forekom dessutom skinnbaggar, som Glaenocorisa propinqua, och nymfer av
flickslidndor rikligt, indikerande att fiskpredationen vid tillféllet var mycket ringa. I
Lysevatten fanns 1973 48 éldre abborrar, de flesta tillhorande arsklassen 1969, samt endast 9
st arsungar (Hultberg, 1985a). Bottenfaunan dominerades av fjidermygglarver (gruppen
chironominii), dessutom férekom nympher av sivslidndan, Sialis lutaria, samt arter av flick-
och trollslindor, medan sdtvattensgrasuggan, Asellus aquaticus, ej patriffades.

Lysevatten
pH Alk, pekv I-1
10 600
Kalkning Kalkning

9 l l 1 500
8 - - 400
7 Surstot 1 300
6 - + 200
5 4 + 100
4 ‘ ‘ ‘ ‘ ‘ ‘ ‘ — 0

1971 1973 1975 1977 1979 1981 1983 1985 1987

—— pH —— Alkalinitet

Figur 3. Langtidsutvecklingen av pH och alkalinitet efter kalkningar i sjon Lysevatten. Med surst6t
forstds har en forhallandevis kortvarig situation med ett pH-varde som ar markant lagre an perioderna
innan och efter

Effekter av kalkningen

Med undantag av vissa extremvirden under sjilva kalkningen, resulterade tillforseln
av kalk i ett pH strax 6ver 7 och alkaliniteten uppnadde virden av drygt 0.2 mekv 1" under det
forsta aret efter kalkning. Okningen av kalciumhalten var ocksa forhallandevis hog (drygt 0.3
mekv 1) och visar att strategin med langvarig effekt (tillforsel av stora doser) i borjan av
varje kalkning resulterar i hoga virden om den initiala utldsningen av den tillforda kalken ar
god. Haltokningarna efter kalkningen medforde en forhallandevis kraftig 6kning av
sjovattnets ledningsforméga (ca. 50 % initialt). P4 det hela taget kan en liknande forsta
kalkning ses som en mycket drastisk fordndring av sjons kemiska miljé och responsen inom
biotat kan bli darefter.

Forsta sommaren efter kalkningen dog Sphagnum nistan helt pa littoralbottnarna, och en
succession startade genom att nya plantor av bdde notblomster (Lobelia dortmanna) och
braxengras (Isoétes lacustris och I. echinospora) etablerades. Den filtartade strukturen
desintegrerade under loppet av det foljande dret och “resterna” (detritusmaterial som nu icke var
sammanvavt) transporterades ut pa djupare sedimentationsbottnar. Gdddnate (Potamogeton natans)
etablerades och tillvixte under aren da alkalinitet och pH var hoga. Emellertid dverlevde
Sphagnum plantor kalkningen pa vissa profundala bottnar (djup kring 10 m), dock var
langdtillvéxten endast ndgon cm och plantornas habitus var mycket tunna jaimfort med tillvixten
under sura forhallanden (jfr Andersson och Hultberg, 1997).
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Vissa véxtplanktonarter reagerade negativt pa kalkningen men aterhdmtade sig efter
ett kort tag, och pa lite langre sikt borjade forskjutningar i artsammanséttning och forekomst
bli mérkbara, ffa. inom grupperna Chlorophyceae och Chrysophyceae (Hultberg och
Andersson, 1982). Okande antal och biomassor medférde en méttlig men signifikant
minskning av siktdjupet som varade nagra &r efter kalkningen. Under &terforsurningen 6kade
sedan siktdjupet succesivt, men kalkningen som avbrot aterférsurningen medforde
planktonblomning och éter signifikant minskning av siktdjupet (figur 4).

PP LRSS FTSL LS
m I N N T N N A RSN

Figur 4. Utvecklingen av siktdjupet i sjon Lysevatten (drsmedel & standardavvikelsen.) under
perioden 1973 till 1987. Sjon kalkades 1974 och 1986 och aterforsurades i perioden emellan, ungefar
fran 1980.

Aret efter kalkning forindrades dominans och biomassa med flera nytillkomna arter
inom djurplanktongrupperna Cladocera och Rotatoria, ibland mycket markant. De stora och
snabba svingningarna i abundansen indikerar att reglerande faktorer, sdsom predation
och/eller konkurrens sannolikt var svagt utvecklade under en initial period. Den generellt
positiva utvecklingen med dkande strukturell diversitet pagick fram till 1979, d& den bréts 1
och med varens markanta “surstot”. Trots en aterhdmtningsperiod med gynnsamma
vattenkemiska forhallanden under 5 - 6 ar aterkom inte vissa arter, bl.a. planktoniska
kiselalger vilka innnan férsurningen varit vanligt forekommande.

Av de bottenlevande djuren 6kade vattengrasuggan (4sellus aquaticus) mycket
patagligt frn att verhuvudtaget endast ha registrerats som fiskfoda. I strandzonens hogar av
ackumulerad grovdetritus forekom mycket hoga biomassor redan varen 1975, och sannolikt
bidrog denna téta population till den hastiga fragmentering och nedbrytning som skedde.
Nagra ar senare forekom en markant populationstopp pa littoralbottnar (2 - 4 m) medan arten
forst 1978 patraffades i profundalen och dér nddde en topp 1983 - 84 (figur 5). Skinnbaggen
Glaenocorisa propinqua och nymfer av flicksldndor, vilka reagerat positivt och dkat
omedelbart efter kalkningen dé predation fran fisk saknades, blev viktiga fodoobjekt for den
oring som inplanterades under 1975 och betades ned tdmligen snabbt sé att de séllan
observerades frisimmande 1 pelagialen. Succesivt efter kalkningen etablerade
forsurningskénsliga dagsldndor och nagra arter av nattslandor livskraftiga populationer, t.ex.
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forekom dagsldndan Cloéon dipterum mycket rikligt under aren med goda vattenkemiska

forhallanden.
Ascellus aquaticus
g F.W. mv2
8
7 ’ ‘
Kalkad »>< Aterférsurning >
6
5
4
3
2
1 | II
0 : :
1973 1975 1977 1979 1981 1983 1985 1987
@811 mEl2-3m

Figur 5. Populationsutveckling hos Asellus aquaticus pa olika bottnar i sjon Lysevatten efter
kalkningen 1974. Sjon kalkades 1974 och 1986 och aterférsurades i perioden emellan, ungefar fran

1980. Under perioden1978 till 1982 forekom ingen provtagning i littoralen.

Inplanterad 6ring och béackrdding hade god tillgdng pa fédoorganismer och uppvisade mycket
hog tillvaxt ett antal ar efter kalkningen. Reproduktion av backroding forekom érligen under
denna period. Den rikliga fodotillgangen gjorde att de bada inplanterade fiskarterna
inledningvis och fram till 1979/80 uppvisade god eller mycket god kondition (Fulton”s

index).

Chironimidae
g F.W. m?

12

Kalkad ><

Aterférsurning

10 -

1974 1975 1976 1977 1978 1980

®2-3m  8-11m

1981 1982 1983

1985

1986 1987

Figur 6. Populationsutvecklingen av fjadermyggor pa profundala (8 - 11 m) och littorala bottnar,

biomassan + standardavvikelsen. Sjon kalkades 1974 och 1986 och aterférsurades i perioden
emellan, ungefar fran 1980. Under perioden 1978 till 1982 férekom ingen provtagning i littoralen.
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Bottenfaunan forédndrades efter kalkningen beroende dels pé fordndringar av
habitatstrukturen da vitmossor och den filtartade algstrukturen férsvann pa bottnarna, dels
som foljd av de vattenkemiska fordndringarna. Efter kalkningen varierade biomassan av
fjadermyggor i profundalen kring knappt 2 g vatvikt m™, men under den begynnande
aterforsurningen minskade biomassan sedan till som lagst ca. 0.5 g m™ och en liknande
utveckling forekom sannolikt pd de grundare bottnarna (figur 6). I slutskedet av
aterforsurningen (1985/86) 6kade biomassorna av fjadermyggor ater mycket markant, och
sdrskilt patagligt var detta inom omrdden med riklig vixt av Mougeotia. Férdndringarna av
biomassan sammanfoll med tydliga fordndringar i artsammanséttningen.

Kalkningen medforde kraftiga fordndringar pa kort tid av artsammanséttningen i
ekosystemet. En hastig nedbrytning av forsurningsgynnad véxtlighet och ackumulerat grovre
organiskt material medforde temporéart 6kad tillgdng pa niring for vissa organismer och
forhdjda narsalthalter 1 vattnet vilket positivt bidrog till fordndringarna.

Aterforsurningen och biologiska forindringar under denna fas

”Surstoten” 1979 brot definitivt den generellt positiva utveckling som inletts efter
kalkningen, och 1 slutet av1980 forsvann dessutom kvarvarande alkalinitet varpa pH sjonk under
6. Den tidigaste, och som det s& smaningom visade sig ocksa mest markanta, fordndringen i
samband med sjunkande pH under aterférsurningsfasen var omedelbart en 6kad forekomst av
Mougeotia. Till att borja med okade tradalgerna successivt, oftast inom en smal zon ndrmast
under vattenlinjen, men utvecklingen gick mycket hastigt och redan 1982 f6rekom tradalger i stor
méngd inom djupintervallet 0 - 2 m.

Biomassor i Lysevatten
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Lobelia Isoetés Littorella Sphagnum Mougeotia

Figur 7. Totalbiomassor av de dominerande makrofyterna i sjon Lysevatten i slutet av
aterforsurningsfasen (1986). Sphagnum och Mougeotia ar forsurningsgynnade.

Med borjan ungefir 1982 observerades dessutom under ndgra ar en pataglig
artfattigdom och ofta mycket 1dga biomassor av bdde vixt- och djurplankton. Under denna
period pagick dock en succession genom att arter forsvann (ffa. mer forsurningskinsliga),
medan andra, delvis nya, arter etablerade populationer vilka ibland blev dominerande, ibland
endast forekom helt tillfalligt. Ndgra ars aterforsurning medforde en omfattande tillvaxt av
Mougeotia dver stora omraden, frimst pa de grunda bottnarna. Okningen av algbiomassan
bestod fram till ndsta kalkning, men successivt utvecklades ett mer kompakt véxtsétt Gver
mjukbottnarna (metafyton). Inom denna struktur (habitat) forekom ofta stora méngder
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fjaidermyggor (>10 g vétvikt m™) vars byggen av “bordr” och fodointag ihop med andra arters
aktivitet sannolikt bidrog till den observerade fordndringen av véxtséttet hos Mougeotia.

Fran 1984 observerades ocksa Sphagnum pa grunda bottnar, sékerligen utvecklade
fran sporer som legat i sedimenten eller som intransporterats frin omgivningarna. Den arliga
tillvixten av Sphagnum dkade snabbt (jfr. Andersson och Hultberg, 1997) medan den efter
kalkningen uppblommande géddnaten (Potamogeton natans) férsvann under denna period. |
slutskedet av aterforsurningen uppskattades makrofytbiomassan i hela sjon till drygt 10 ton
torrvikt helt dominerad av Mougeotia med 5.8 ton (tabell 1 samt figur 7 ovan) i motsats till
forhallandena i den forsurade sjon fore kalkningen 1974. I detta skede dominerade Sphagnum
pa bottnarna med en biomassa i storleksordningen 4 till 5 ton, mot ca. 0.2 ton 1986, i
huvudsak avhéngigt den langre tiden for tillvixt fore 1974.

Tabell 1. Biomassor av makrofyter efter aterforsurning i sjon Lysevatten 1986 jamfor ocksa figur 7.

Biomassa i tithetsklassen | Medelbiomassa pa | Medelbiomassa | Totalbio-
Art koloniserad yta i hela sjon massa i sjon
(g m?) (@m?) (@m?®) (gCm? (kg)
1 2 3
] 10.6 £7 43.5 4 102 +23
Lobelia dortmanna | (n=7) (n=5) (n=5) 21.4 (8.3 ha) 4.3 20# 1770
B ] 5.5%5 18.7 +6 55.1 £9
Isoétes lacustris (n=5) (n=6) (n=5) 25.6 (9.6 ha) 6 28# 2450
7.7 16
Littorella uniflora (n=10) 7.7 (3.9 ha) 0.74 34 # 300
3.2%2
Sphagnum sp. (n=18) 3.2 (5.5 ha) 0.44 0.15 ## 180
] 23.4 17
Mougeotia sp. (n=9) 23.4 (25 ha) 14.4 6.6# 5850
Totalt 25.9 11.9 10500

#, 46% C av torrvikten;##, 35% C av torrvikten.

Successivt fordndrades planktonsamhillet genom att arter som gynnats av kalkningen
minskade och forsvann, t.ex. alger av sliaktet Kephyrion, vissa Dinobryon-arter och flera
gronalgsarter, bland rotatorierna t.ex. Conochilus unicornis och Asplanchna-arter och de ofta
tillfalligt observerade hinnkriftorna av sldktet Daphnia. Andra arter uppvisade mer varierande
reaktioner, och i slutfasen av aterforsurningen dkade ater vissa arter. Exempel utgor rotatorier
av slaktet Keratella vilka okat efter kalkningen 1974 men som under aterforsurningen oftast
hade lag abundans (figur 8), samt hinnkriftan Diaphanosoma brachyurum.
Populationsforidndringarna sent under dterforsurningen indikerade hogre néringtillgdng men
ocksé dndrade interaktionsmonster i samband med att fiskens betydelse som predator i sjon 1
stort forsvunnit. Den fornyade kalkningen 1986 medforde en markant abundansminskning av
Keratella 1 motsats till utvecklingen efter kalkningen 1974. Det dr oklart 1 vilken utstrickning
detta berodde pa den annorlunda utvecklingen av populationerna innan kalkningen, eller av de
specifika konkurrens- och predationsférhallandena under 1987, med en 6kning av
fiskpredationen via en extremt riklig population av 0+ abborre. Okningen av niringstillging,

och tillgadng pd gynsamma habitatstrukturer, var an mer patagligt for bottenfaunan, dar

fjadermyggor ater okat inom frimst de algdominerade bottnarna tillsammans med olika
nattsldndearter. Mot slutet av aterforsurningen blev algen Peridinium inconspicuum,
karaktérsart 1 den forsurade sjon, dter dominerande samtidigt som ett flertal arter, vilka varit
vanliga aren efter kalkningen, helt férsvann.
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Figur 8. Utvecklingen av biomassan (vagt sjomedel) hos rotatorieslaktet Keratella, ffa. arten
cochlearis. i Lysevatten. Dessa djurplankton 6kade under slutet av aterférsurningen, men visade
motsatt reaktion efter kalkningen 1986 da abundansen minskade patagligt i motsats till utvecklingen
efter kalkningen1974 (jfr. ocksa texten).

Den successivt allt surare miljon paverkade ocksé fisken negativt, vilket blev
uppenbart forst under aren efter den kraftiga ”surstoten” 1979. Fulton’s index for konditionen
hos inplanterade dringstammar sjonk drastiskt under dessa ar (Alends ef al., 1991). Ett forsok
att inplantera en ny arsklass av en kénslig dringstam 1982 misslyckades totalt p.g.a. lagt pH
och allmént forhdjda halter av aluminium, samtidigt misslyckades ocksé rekryteringen till den
inplanterade (men sjilvreproducerande) backrodingpopulationen trots massiva klackningar,
som t.ex. viren 1980. Vid ett par tillfdllen under dessa ar kunde observeras hur enstaka
mairkta oringar med i huvudsak fiskdiet p.g.a. fodobrist minskade 30 - 40 % i vikt. Parallellt
med denna utveckling kunde fram till slutet av aterforsurningen (1986) enstaka 10 ariga
oringar (1.5 - 2 kg) fingas vilka uppvisade mycket god kondition.

Sammanfattningsvis kan konstateras att en serie externa fordndringar (forsurning /
kalkning / aterforsurning / kalkning) medfort genomgripande artférdndringar i sjon
Lysevatten. Vad avser aterforsurningen forekom forandringar av delvis ovintad karaktir, t.ex.
den tidiga och s& smaningom mycket kraftiga biomassedkningen av tradalgen Mougeotia sp.,
vilket ocksa innebar nya fordndringar av strukturen over vidstriackta grundare bottnar jamfort
med forhdllandena efter kalkningen. En viktig orsak till observerade fordndringar torde vara
den laga diversiteten p.g.a. langtgaende forsurningsskador inom samtliga trofinivaer, och
endast partiell dterhdmtning efter kalkningen, vilket resulterade 1 farre interaktioner (minskad
reglering) inom ekosystemet. Den snabba dterforsurningen kan ses som en extrem péverkan,
resulterande 1 omfattande habitatfordndring varvid slumpmaéssigt vissa arter gynnas /
missgynnas och andra populationers abundans fordndras sekundért via de olika
interaktionsmonstren som uppstar i det storda ekosystemet.
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Rivekdrrs Langevatten

FAKTARUTA

Révekérrs Langevatten ar en liten grund sjo
pa 3,4 ha utanfor Goteborg, med ett
tillrinningsomrade pa drygt 17 ha som
domineras av gneiss med sma inslag av
vatmarker. Omséttningstiden dr knappt ett
ar. Den érliga syradepositonen i omradet var
hoég under 60-70 talen, 30 kg S ha' ar', och
pH-vérdet i sjons vatten var 4,2 under
vintern. 1995 hade syrabelastningen minskat
med ca. 50 % och sulfathalten i sjovattnet
fran 0,30 till 0,15 mekv I"'. Sjon har kalkats
regelbundet sedan 1961 med arliga doser pa
20 g m” (80 kg ha™ tillrinningssomrade).

Figur 9. Ravekarrs Langevatten

Under slutet av 70-talet observerades syrebrist i bottenvattnet under vintern och
okande fosfor- och ammoniumhalter. Samtidigt borjade makrofyter breda ut sig, framforallt
hérslinga, Myriophyllum alterniflorium, vilken 1987 tickte 42 % av sjdytan. Aven vattenpest
(Elodea canadensis) och giaddnate (Potamogeton natans) expanderade. Kalkningarna
upphorde 1986 och tre ar framat i ett forsok att minska utbredningen av vegetationen. 1990
aterupptogs kalkningarna igen men da behandlades vatmarkerna i tillrinningsomradet.

Ravekarrs-Langevatten
pH Alk, mekv |1

8 0.1
Kalkning Kalkning

v v

+ 0.08
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= pH —— Alkalinitet

Figur 10. pH och alkalinitet i Ravekarrs Langevatten, 1984 - 1998.
Nir kalkningarna upphoérde minskade pH successivt fran ca. 6,5 under den kalkade

perioden till ca. 5 under sommaren och ca. 4,5 under vintern efter 2 ar (figur10). Samtidigt
okade halterna av aluminium i ytvattnet till 200 ug "' pa sommaren och 500 pg 1" under
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vintern (se figur 12). Zinkhalten dkade fran ca. 10 pg "' till 40 pg 1" och kadmiumhalten
okade fran 0,05 pg 1" til10,2 - 0,4 pug "' (figur 11 och 12.).

Ravekarrs-Langevatten
pH Cd, pg -1
8 0.5
Kalkning Kalkning
i { o4
+ 03
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+ 0.2
5] + 0.1
4 : : : : : : : : : : : : 0
1986 1987 1988 1989 1990 1991 1992 1993 1994 1995 1996 1997 1998

Figur 11. pH och Cd i Ravekarrs Langevatten, 1986 - 1998.

Ytsedimenten hade efter den kalkade perioden hoga halter av Zn och Cd. Efter 2 ars
aterforsurning noterades samma eller nigot l4gre halter. pH 1 ytsedimentets porvatten hade
1990 minskat till 5,3 vilket var samma niva som i det bottennéra vattnet. I bottennéira
vattenskikt observerades dven mycket hoga Zn och Cd-halter, 1000 pg 1" respektive 10 pg 1!
vilket kan tyda pé en utlakning av metaller fran sedimentet. Fosforhalterna i sjovattnet
minskade frén ca. 15 till 10 pg 1" och nitratforbrukningen under sommaren avtog (Dickson et
al. 1995).

Ravekarrs-Langevatten
pH Al, pg -1
8 700
Kalkning Kalkning

+ 600
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Figur 12. pH och aluminium i Ravekarrs Langevatten. Aterférsurning 1986 - 1989. 1990 pabérjades
vatmarkskalkning och denna har sedan fortgatt.
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Antalet vaxtplanktonarter under den kalkade perioden varierade mellan 41 - 58 arter
med flest arter av chlorophycea, men minskade under aterforsurningsfasen i takt med pH
(r=0,94, p<0.001) till sju arter (figur 13). Nér antalet arter var som légst utgjordes de av ffa.
chrysophyseér, dominerade av den acidofila arten Dinobryon pediforme. Antalet arter
minskade speciellt markant da pH gick under 5,8. Djurplankton som under den kalkade
perioden bestod av flera arter av rotatorier dominerades helt under den aterforsurade perioden
av en art, Keratella cochlearis. Hoppkriftor av sldktet Cyclops minskade mirkbart medan
hinnkréftan Diaphanosoma brachyurrum och hoppkriftan Eudiaptomus gracilis 6kade sina
andelar av biomassan.

Ravekarrs-Langevatten

pH antal taxa
8 60
- 50
7,
- 40
6 - 30
- 20
5,
11l 11
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1977-86 1987 1988 1989 1990 1991 1992 1993 1994

‘ I antal taxa pH ‘

Figur 13. Antal vaxtplanktonarter i augusti (staplar) och augusti-pH i Ravekarrs Langevatten.
Aterférsurning 1986 - 1989. Vatmarkskalkning 1990 och framét.

De téta bestanden av Myriophyllum, som utvecklades under den kalkade perioden,
forsvann helt under 1987 - 1990, liksom Elodea och Potamogeton. 1 stéllet 6kade den
syratoleranta bentiska rodalgen Batrachospermum sp. Efter fyra &rs vatmarkskalkning hade
Myriophyllum dnnu inte borjat ka igen (Dickson et.al., 1995).

Trehorningen, Tyresta

FAKTARUTA

I Tyresta nationalpark utanfér Stockholm har
ett sjosystem studerats sedan 1977, ett ar innan
kalkningar startades i omradet.

I sjon Trehdrningen (yta 4 ha, omséattningstid
0,4 ar) upphorde kalkningarna 1991 och
aterforsurningseffekterna har studertats
perioden 1991-1999. Som referenser
studerades den dven fortsittningsvis kalkade
sjon Langsjon (10 ha, 0,8 é&r) och den sura,
aldrig kalkade sjon Arsjon (16 ha, 1,4 4r) i Figur 14.Trehdringen.
samma siosvstem.
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I ett sjosystem 1 Tyresta nationalpark, 20 km utanfor Stockholm pagér sedan 1991
aterforsurningstudier. I sjon Trehorningen (figur 14) har kalkningarna upphort och tva andra
sjdar i samma sjdsystem studeras parallellt; Langsjon, kalkad referens och Arsjén sur referens
(aldrig kalkad). Sjoarna i systemet dr smé skogssjoar med avrinningsomraden dominerade av
svérvittrad gneis-granit och dr kénsliga for forsurning. Sjosystemet har studerats sedan 1977
och Trehorningen och Langsjon borjade kalkas 1978. Kalkningarna upprepades med 3 - 5 ars
intervall till 1991 da kalkningen 1 Trehdrningen upphorde (Langsjon kalkades 1995).

Innan kalkningarna startades 1ag arsmedianen av pH i sjoarna pa 4,7 - 5,2 och
alkaliniteten var under detektionsgrinsen (<0,01 mekv 1""). T och med kalkningarna i
Trehdrningen och Langsjon 6verskred pH 6,0 och alkaliniteten 0,1 mekv "' och dessa virden
har uppritthallits med fa undantag under den kalkade perioden. Under denna period har dven
metallhalterna 1 vattnet minskat, t.ex. Cd. Fore kalkningen 1978 kunde man bara hitta 12 - 29
vixtplanktonarter i Trehdrningen och Léngsjon och 20 - 35 i den sura referenssjon Arsjon. I
och med kalkningarna 6kade antalet arter successivt till 40 - 50 st. i Trehoringen, och i
Léangsjon var utvecklingen likartad. Bland djurplankton dkade antalet rotatoriearter under
1978 - 1989, formodligen p.g.a. 6kad primérproduktion och féda som f6ljd av 6kad transport
av ndringsdmnen. Antalet cladocerer 6kade ocksa ett antal ar efter att kalkningarna startats
(Edberg et al. 2001).

Tyresta sjdarna
pH

8.0

7.0 +

6.0

5.0
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Figur 15. pH-variation i Trehérningen (aterférsurad), Langsjon (kalkad referens) och Arsjén (sur
referens).

Aterférsurad sjo surreferens - -----. Kalkad referens ‘

Efter sista kalkningen i Trehorningen 1991 sjonk pH-virdet frén drsmedian 7,1 1991
till 6,1 1999 och som lagst 5,8 1998 (figur 15). pH i referenssjoarna 1991 - 1999 varierade
mellan drsmedian 6,6 - 7,1 i Langsjon och 5,2 - 5,8 i Arsjon. Alkalinitet och kalciumhalt
minskade ocksa i Trehdrningen medan halten av TOC (totalt organiskt kol) och vattenfiarg
inte fordndrades ndmnvirt (Edberg et.al 2001).

Samtidigt som pH minskade i Trehdrningen 6kade halterna av mangan och
totalaluminium signifikant (Edberg ez.al 2001) sérskilt efter 1995 da drsmedianen av pH sjonk
till 6,0 (figur 15 och 16). Zn, Cd och Al; (labilt oorganiskt Al) nddde de hogsta halterna under
1998 da dven de ldagsta nivaerna for pH (arsmedian) under perioden observerades (figur 16).
Inga signifikanta 6kningar av metallhalter observerades i den kalkade sjon eller i den sura
referenssjon under perioden.
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Figur 16. Halter av totalt aluminium (Al-tot) och labilt oorganiskt aluminium (Al-labilt) i Trehdrningen.

Efter den sista kalkningen 1991 i Trehorningen varierade antalet vixtplanktonarter
mellan 30 - 61 med det storsta antalet 1993 - 94 (figur 17). Med sjunkande pH minskade det
totala antalet vaxtplanktonarter till 30 - 36 under perioden 1996 - 98. Under denna period
saknades dven de forsurningskénsliga arterna, t.ex. Scenedesmus spp 1 Trehérningen medan
de fortfarande forekom i den kalkade referenssjon Léngsjon. I den sura referenssjon Arsjon
fordndrades inte antalet viaxtplanktonarter nimnvért under motsvarande period.

Tyrestasjdarna vaxtplankton
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Figur 17. Totalt antal arter av vaxtplankton i Trehorningen (aterférsurning), Langsjon (kalkad) och
Arsjon (sur referens), under somrarna 1991 - 2000. Blatt anger antalet forsurningskansliga arter.

Bland djurplankton i Trehorningen minskade ffa. cladocerer (figur 18) markant i takt
med sjunkande pH. 1990 - 91 dominerade Daphnia longispina och Holopedium gibberum
tillsammans med Diaphanosoma brachyurum och Ceriodaphnia quadrangula, varav de
forstndmnda inte forekom innan kalkningarna startades. Fran 1993 forekom inte
Ceriodaphnia och frekvenserna av Holopedium, Daphnia och Diaphanosoma minskade
markant, och Bosmina blev mycket séllsynt. Eftersom dessa arter dven forekommer i sura
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sj0ar beror minskningen formodligen pa sekundédra effekter som fordandrat predatortryck och
tillgang pa foda (Edberg et.al 2001).

Tyrestasjdarna Cladocerer

1990-1991 1992-1993 1994-1995 1996-1997 1998-1999

m Trehémingen @ Langsjon m Arsjon

Figur 18. Antalet arter av cladocerer (medel under maj — sept. med standardavvikelse).

Manga av fordndringarna i Trehdrningen liknar de 1 Ravekérrs Langevatten med t.ex.
minskande antal vixtplanktonarter och 6kande metallhalter. Men fordandringarna har gatt
langsammare sannolikt beroende pa att vattnets humushalt dr betydligt hdgre, samt att en
tidigare vatmarkskalkning har medfort langre varaktighet av kalkbehandlingen. Den
kontinuerligt minskande svaveldepositionen kan ocksé ha bidragit till det langsammare
aterforsurningsforloppet genom att belastningen pé ytvattnet minskat patagligt. Denna faktor
blir sérskilt betydelsefull med hiansyn till en mer méttlig initial férsurning av
avrinningsomradets jordar orsakad av jimforelsevis lagre belastning én pa Vistkusten.

Experimentell metallutlakning frdn sjosediment

For att studera hur fordndringar av pH paverkar utlakningen av metaller ur
sjosediment gjordes ett laboratorieférsok med experimentell forsurning. Sedimentproppar
med dverstidende vatten togs med rorhimtare typ Willner i Langsjon (kalkad) och Arsjon (sur
referens), i Tyresta nationalpark. Det dverstaende vattnet i tva proppar fran varje sjo
forsurades successivt ner till pH 4,2 under tre manader under forsiktig omrérning med hjélp
av luftning, medan tvé proppar fran varje sjo holls som referenser (figur 19). Prover av det
Overstaende vattnet togs kontinuerligt for analys av metaller (Fe, Mn, Zn, Cu, Pb, Cd och Al
inklusive fraktioner) och andra vattenkemiska parametrar. I slutet av experimentet méttes
sediment-pH och redoxpotential i sedimenten.

Bestdamning av redoxpotential och sediment-pH visade att de 6versta 2 - 3 cm
paverkades av syratillsatsen. Under experimentet dkade utlakningen av metaller frén
sedimenten i takt med sjunkande pH i det 6verstdende vattnet. Detta gillde sdrskilt Zn, Cd,
Mn och Al vars rorlighet ér starkt pH-beroende. Koncentrationen av Al, Mn och Zn 6kade
signifikant i det dverstdende vattnet i de forsurade propparna frin bdde Langsjon och Arsjon,
medan Cd 6kade endast i den kalkade Langsjon (figur 20 och 21). Hogre slutkoncentrationer
av dessa metaller uppnaddes i propparna fran Langsjon och redan vid pH 5,4 var
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Figur 19. pH i det 6verstaende vattnet i tva experimentellt férsurade proppar och tva referensproppar
fran Langsjon (kalkad) och Arsjon (okalkad) i Tyresta nationalpark. Medel och max-min.
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Figur 20. Forandring av totalt (syraldsligt) aluminium (Altot) och labilt oorganiskt aluminium (Ali) i det
Overstaende vattnet i tva experimentellt férsurade proppar och tva referensproppar fran Langsjon
(kalkad) och Arsjén (okalkad) i Tyresta nationalpark. Medel och max-min.

koncentrationen av dessa metaller hdgre i vattnet i dessa forsurade proppar @n de var i
Arsjdvattnen i borjan av experimentet. Fér de mindre pH-beroende metallerna Fe och Cu var
koncentrationerna konstanta eller minskande under férsoket. For Pb var koncentrationen
konstant de forsta tvd manaderna, men dkade i1 de forsurade propparna da pH gick under ca. 5.
Ingen motsvarande utlakning uppmattes under forséksperioden frén de referenssediment som
inte syrabehandlades, forutom for kadmium som 6kade négot i referenspropparna fran
Léangsjon. For Al blev den labila oorganiska fraktionen (Al;) allt storre vartefter pH sénktes.
Vid slutet av experimentet stod denna fraktion for ungefar 70 % av det totala
aluminiuminnehallet 1 de forsurade proverna.
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For att sinka pH tillsattes utspidd saltsyra (HCI). Detta innebar att
kloridkoncentrationen i det Gverstaende vattnet 6kade fran 0,1 mM till 0,3 resp. 0,4 mM i de
forsurade proverna fran Arsjon resp. Langsjon. Dessa koncentrationer ér dock forsumbara
med avseende pa bildning av metallkloridkomplex och jamviktskemiska berdkningar visar att
kloridkomplex utgér mindre &dn 1 % av den totala metallkoncentrationen i det aktuella pH-
intervallet. Bildning av kloridkomplexen kan dérfor inte ha bidragit till en frigorelse av
metaller fran sedimenten 1 ndgon ndmnvérd grad. Den méingd syra som tillsattes 1 forsoket for
att sinka pH i Langsjoproverna till pH 5,4 (alkalinitet = 0) motsvarar omkring 4.5 ars
direktdeposition 1 Tyrestaomrédet och runt 2.5 ars direktdeposition pd den svenska
véstkusten.

Cd i 6verstéende vatten
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Figur 21. Foérandring av Cd i det 6verstaende vattnet i tva experimentellt forsurade proppar och tva
referensproppar fran Langsjon (kalkad) och Arsjén (okalkad) i Tyresta nationalpark. Medel och max-
min.

Forsurningsforloppet i detta forsok var starkt forcerat och resultaten kan inte direkt
jamforas med aterforsurning av en naturlig sjo. Resultaten visar 4nda att metaller kan lakas ut
frén sedimenten i tidigare kalkade sjoar och dédrmed ge ett potentiellt bidrag till okade
koncentrationer av vissa metaller i vattenfasen under aterforsurning (Wallstedt 1998,
Willstedt och Borg 2002).

Andra observationer av biologiska effekter vid aterférsurning

Aterforsurning i varierande grad har naturligtvis drabbat vissa objekt under den
omfattande svenska kalkningsverksamheten. Detta har dock betraktats som tillfalliga
misslyckanden, oftast férorsakade av en mindre vil genomténkt strategi for utforandet av en
forsta kalkning, varfor problemet oftast har atgérdats i samband med nésta kalkspridning.
Utvecklingen av kalkningsmetodik och kalkningsstrategier anpassade for specifika
vattensystem har skett just med avsikt att undvika denna typ av “aterforsurning”, vilken a
priori ansetts vara negativ for den biologiska utvecklingen efter kalkning. Dokumentation
saknas dock i stort sett fran dessa “misslyckade kalkningar”, och effekterna av dessa
“aterforsurningar” &r inte relevanta for den problematik som nu ér aktuell. En initialt mer eller
mindre misslyckad kalkning resulterar naturligtvis endast i ringa eller tempordra forandringar
av sjons biota varfor inte mycket fordndras d& pH och alkalinitet &nyo sjunker. Detta i motsats

28



till de positiva fordndringar av biologin som skett i ldngvarigt eller t.o.m. mycket langvarigt
(>20 ar) kalkade objekt. I dagens situation med ett mojligt stopp av sddana kalkningar riskerar
dessa sjOar att drabbas av en aterforsurning vilken pa nytt medfor stora fordndringar av
negativ karaktér.

Forutom i Sverige bedrivs storskalig operationell kalkning endast i Norge. Den norska
verksamheten startade med begrinsade forsoks- och forskningsprojekt och liknande
verksamhet bedrevs en tid i USA och Kanada och fran denna verksamhet finns nagra
vildokumenterade studier omfattande hela sjoekosystem i engangskalkade sjoar.
Kalkningarna har skett i forskningssyfte och har darfor vanligen omfattat endast en initial
atgird vilken sedan fo6ljts av en mer eller mindre langtgdende dterforsurning. Dessa kalkningar
liknar delvis experimentet i Lysevatten, och kan dérfor bidra med relevant information om
effekter framforallt pa biotadelen av ekosystem med en ibland vdsentligt annorlunda
artuppsittning. Exempel pa saddana studier ar: Hovvatn i Norge (cf. Raddum et al., 1986;
Barlaup et al., 1994), Bowland Lake i Sudbury regionen i Kanada (Jackson et al., 1990;
Keller et al., 1992), samt sjoar inom LAMP-projektet bl.a. Woods Lake i Adirondack, USA
(Porcella, 1989; Driscoll et al., 1996). Resultatet av kalkningarna har i dessa fall i stora drag
blivit en typisk positiv utveckling som i mycket paminner om de svenska erfarenheterna av
sjokalkning (Henrikson och Brodin, 1995). I artfattiga och delvis starkt fordndrade system har
en signifikant dterhdmtning respektive dterkomst observerats for kinsliga populationer av
fisk, inom olika grupper av bottenlevande evertebrater, védxt- och djurplankton samt, sirskilt i
Bowland Lake, fordndringar av makrofytvegetation inklusive tradalger. De fortsatta studierna
har sedan resulterat i observationer av ekosystemfordandringar relaterat till en mer eller mindre
langtgaende aterforsurning, vilket redovisas mer utforligt i litteraturgenomgéngen (se
Appendix).

Kalkningsmetodik och aterférsurning

Kalkning for att motverka forsurning av ytvatten kraver goda kunskaper om hydrologi
och andra faktorer av betydelse for forsurningen och bor baseras pé en genomténkt strategi for
spridning relaterat till en klar biologisk malsattning. For att neutralisera surt vatten eller sur
tillrinning kan spridning, hittills vanligen av olika malda kalkstensprodukter, goras enligt
ndgon av foljande metoder:

— direkt kalkning pé sjOytor

— dosering till vattendrag

— spridning i vatmarker ldngs sméabickar

— spridning dver stora delar av avrinningsomradets jordar

For att optimera effekten relaterat till biologiska malséttningar kombineras numera
vanligen tva eller flera spridningsmetoder, utifran kalkningsobjektets komplexitet, (jfr.
Dickson och Brodin, 1995). Utnyttjandet av metodik och anvénd strategi paverkar i hog grad
olika kalkade objekts kdnslighet for aterforsurning. Skillnaden i tid mellan den gradvisa
initiala forsurning som skett under lang tid och ett aterforsurningsforlopp kan bli mycket
stora. Den hastighet varmed aterforsurning kan komma att ske 1 manga vattensystem har
dessutom sannolikt betydelse for den biologiska responsen. Observationerna fran Lysevatten
(kraftig tillvaxt av Mougeotia sp) antyder att de biologiska effekterna i form av férandrade
abundansforhéllanden kan visa sig ovéntat snabbt och omfattande i samband med hastig
aterforsurning. Liknande, dock ej fullt sd kraftig, respons observerades i de olika
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tradalgssamhéllena i Bowland Lake (Jackson ef al., 1990) och responsen beror sannolikt pa att
reglerande mekanismer/processer inte hinner utvecklas i motsvarande takt.

Direkt sjokalkning

Kalkning direkt pa sjoytor utférdes ursprungligen nigot schablonartat liksom 1 sjon
Lysevatten, d.v.s. for sjoar med omséttningstider >1 - 2 &r berdknades varaktigheten vanligen
for 5 r eller mer (for Lysevatten 10 ar). Spridning utfordes 1 huvudsak inom littorala omraden
med exponerade hardbottnar. Resultatet blev forrdd av ej utlost kalk liggande pé dessa
bottnar, och utlosningen frén dessa forrad kunde alltsa motverka &terforsurningen under viss
tid och 1 viss grad (jfr. Sverdrup, 1985; Wilander et al., 1995; Andersson och Hultberg, 1997).
Numera sker dock kalkning med kortare tidsintervall och mindre doser som berdknas l9sas
initialt i stor utstrdckning, varfor utlosning fran kalkdepéer pa bottnarna forekommer i mindre
omfattning. Det har dock via berékning av kalciumbudgetar uppskattats att 1 Gardsjon 1
Bohuslédn kvarhalls ca. 15 % av varje enskild kalkdos, trots dndringen av kalkningsstrategin
(UIf Nystrom, pers. medd). Vissa métdata tyder pa att kalcium kan ha diffunderat ned flera
decimeter i de dldre underliggande sedimenten. Vid avbrytandet av kalkning &r det darfor
osdkert om och i vilken utstrackning detta kvarhallna ”forrad” verkligen kan bidra till att
fordroja aterforsurningsforloppet i sddan grad att det far betydelse for biologin.

I Lysevatten formadde inledningsvis de stora kalkférraden motverka
forsurningsbelastningen, men successivt minskade utldsningen och efter ca. tvd ar var
utlosningen inte tillrdcklig for att balansera det sura tillflédet, vilket vid tidpunkten torde ha
varit i storleksordningen >20 kg S ha ar'(Andersson och Hultberg, 1997). Baserat pa
modeller och empiriska data kan tiden for aterforsurning berdknas till ndgonstans mellan 2 - 5
omsattningstider (Sverdrup, 1985). Detta innebér for ménga sjoar endast nagra fa r, och for
sjoar i omraden med fortsatt hg belastning (>10 kg S ha &r™") fran forsurade marker kan pH
sannolikt sjunka flera enheter pd denna tidsrymd.

Doseringskalkning i vattendrag

Dosering av kalk med négon typ av utrustning till rinnande vatten sker antingen direkt
for vattendraget i sig eller fOr att neutralisera en sj6 nedstroms. I det forstndmnda fallet sa
kommer ett avbrytande av kalkningen att pa mycket kort tid resultera i mycket langtgaende
aterforsurning. I olika sammanhang har det dock visats att en viss méngd oldst
kalkningsmedel ofta ligger pé bottnarna nedstrdms och att begransad utlosning av denna
ackumulerade kalk sker vid kontakt med surt vatten (jfr. Hindar, 1987). Effekten av en sddan
utlosning kan mdjligen undantagsvis moderera aterforsurningen men ér i alla hindelser endast
kortvarig. Ar det en nedstrdms sjo som kalkas kommer framforallt eventuella kompletterande
insatser direkt i sjon att ha betydelse for att patagligt fordrdja aterforsurningen, vilken annars
forloper i stort 1 enlighet med vattenomséattningenn. Dock kommer forhdjda aluminiumhalter i
det tillrinnande vattendraget att omedelbart paverka sjons biota.

Kalkning i vdatmarker och pa avrinningsomrddets jordar

De bédda spridningsmetoderna som utnyttjar olika delar av avrinningsomradets jordar
innebdr ofta hdgre doser och kvarliggande forrad, &ven om numera ocksa vatmarkskalkning
sker for kortare tidsperioder (ldgre doser). Férdelen med bada dessa metoder &r ju bl.a. att en
sarskilt efterstravad utféllning av aluminium (och delvis 6vriga metaller) sker pa land istéllet
for 1 sjon eller vattendraget. Detta minskar tillforseln till sjon eller vattendraget och ddrmed
framforallt halten i vattnet men dven ackumuleringen i sedimenten. Stora méngder utfallt
aluminium kommer dérfor att finnas inom vatmarker som kalkats. En mer eller mindre
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heltickande kalkning av avrinningsomradets jordar innebir att vanligen hoga eller mycket
héga doser (storleksordningen 3 till 5 ton ha) distribueras, men en sadan behandling méste
ofta inledningsvis kombineras med annan atgérd (sjo eller vatmark) for att bli effektiv dven
kortsiktigt. Metodiken innebdr en engangsinsats, som resulterar i 1&g arlig utlosning men
langre kvarstdende effekt, och om den ér tillrdcklig for att neutralisera avrinningsvattnet sa
kommer aterforsurning inte att ske. Uppnés inte detta mal blir dock aterforsurningsforloppet
mycket utdraget och sdrskilt utlickaget av aluminium motverkas under lang tid, varfor den
direkta biologiska effekten sannolikt kan bli forsumbar eller timligen ringa (Andersson et al.,
1982; Wilander et al., 1995; Traaen et al., 1997).

Malséttningen med alla fyra atgdrdsmetoderna ar primért att motverka forsurningens
biologiska effekter i form av skador pa kénsliga organismer eller fiskpopulationer. Eftersom
en stor del av dessa fordndringar sammanhédnger med de toxiska effekterna av oorganiskt
labilt aluminium (se t.ex. Rosseland och Staurnes, 1994; Havas och Rosseland, 1995) sé ar
metodernas effektivitet att falla ut aluminium (reducera toxiciteten) av stor vikt for hur de
positiva fordndringarna av kalkningen utvecklas. Vid direkt sjokalkning och dosering i
vattendraget sker denna utfdllning i vattensystemet och eftersom det ibland ar en tidskrdvande
process sa kommer s.k. blandzoner att uppsta. Studier i framforallt norska dlvar har visat att i
dessa zoner &r toxiciteten hogre 4n i det obehandlade sura vattnet (Rosseland och Hindar,
1991; Rosseland et al., 1992). Liknande blandzoner finns kanske alltid i viss utstrackning i
samband med surstotar 1 vattendrag och i kalkade sj6ars littoralzon (jfr. Hultberg, 1977;
Hasselrot et al., 1987) och kan antas utdva en pétagligt negativ faktor for kiansliga organismer
(Hagen och Langeland, 1973; Hultberg och Andersson 1982; Henrikson, 1988; Barlaup et al.,
1998). Forekomsten av dessa blandzoner bor alltsda uppmarksammas och minimeras i
samband med operationell kalkning. I ett inledande skede av en &terforsurning finns risk for
att blandzonerna kan bli mer omfattande, bade till sin utbredning och tidsmaissigt. Fenomenet
kan bli sdrskilt patagligt i omraden med kvarvarande kraftig markforsurning dér inflodet av
vatten med hdga aluminiumhalter kan komma att drabba storre omrdden ndrmast strinderna
och medfora effekter pd kinsliga organismer.

Aterférsurning och metaller

Manga metallers koncentration i vatten ar starkt beroende av pH. Vid sjunkande pH
fordandras proportionen av olika forekomstformer mot en storre andel 16sta former, vilket dven
medfor 6kade totalhalter i vattenfasen. I samband med forsurningen av sjdar och vattendrag
har darfor ofta forhojda halter av manga olika metaller observerats bade i1 vatten och i
organismer. Framforallt dr det Al, Mn, Zn, Cd och Pb som uppvisat forhdjda halter, medan
dven Fe har okat 1 extremt sura vatten. I allménhet minskar halterna av ovanndmnda metaller
efter kalkning (Dickson, 1980; Borg, 1983; Borg och Andersson, 1984; Borg et al., 2000,
Molot et al., 1990a). Eftersom de minskade halterna beror pé utféllning inom vattensystemet i
manga direkt kalkade vatten, sa kan en aterforsurning forvintas innebéra 6kade halter genom
minskad utfdllning och sedimentation av tillférda metaller. Detta motverkas delvis vid
vatmarkskalkning och ffa. i samband med mer omfattande kalkningar av avrinningsomradets
jordar, eftersom metaller da fastlaggs i marken. I direkt kalkade system tillkommer dessutom
en risk for att metall deponerad i sedimenten ska l9sas ut i samband med att vattenfasen blir
surare. Som tidigare beskrivits, 6kade bade zink- och kadmiumhalterna i vattnet 4 till 6 ggr da
den tidigare kalkade sjon Révekarrs Langevatten aterforsurades (Dickson ef al., 1995). Om
detta beror pé utlakning fran sedimenten dr dock inte klarlagt. I samband med sjunkande pH
har dven en 0kning av labilt oorganiskt aluminium noterats bade i falt och laboratoriestudier
(se vidare under avsnittet ovan om aterforsurningsstudier).
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Okningen av metallhalter i vattenfasen p.g.a. aterforsurning torde dock inledningsvis
kunna motverkas av kvarvarande kalkdepder i sedimenten. Hindar och Lydersen (1997) har
vérderat detta for aluminium, som har stor bendgenhet att fallas ut till sediment och bindas i
vatmarkskalkade omrédens ytliga humusrika jordar. De postulerar att nagra starkt forhojda
halter inte dr att forvinta p.g.a. utlosning av aluminium frén sddana “forrad” vilka
ackumulerats under tiden for kalkning. Laboratoriestudier med sediment har dock visat att Al,
Zn, Cd, Mn, och i viss man Pb kan 16sas ut frdn sedimenten vid sjunkande pH i vattenfasen
(se tidigare avsnitt). Den ekotoxikologiska relevansen av dessa forhojda halter, dvs den dos av
metaller som vatten- och sedimentlevande organismer skulle komma att utsittas for aterstar
dock att klarldgga. Sddana metalleffekter torde framst kunna forvéntas inom omraden med
kraftig markforsurning, dir kvarstdende forsurningsbelastning pa ytvattnen kommer att vara
relativt hog under léng tid och resultera i 1dga pH-virden. Férekomsten av toxiska
aluminiumformer i forsurade vatten dr en huvudorsak till de skador som uppkommer i
sjoekosystemet (t. ex. Baker och Schofield 1980; Driscoll et al. 1980; Rosseland och
Skogheim 1986; Herrmann et al. 1993; Rosseland och Staurnes 1994; Havas och Rosseland,
1995;), varvid bidraget frdn bottnarna sannolikt har mindre betydelse jamfort med den stora
tillforsel som sker via avrinningsvattnet fran de forsurade markerna.

Problemet med kvicksilverbelastningen pa fisk dr en annan frdga, som kan vara av
betydelse vid aterforsurning. Den effektiva bioackumulationen och biomagnifieringen har
medfort att belastningen 1 biota dr hogre 1 forsurade sjoar med utarmad och fordndrad
niringsvév, t.ex. ddr morten har dott ut (Bjorklund ef al., 1984; Nilsson et al., 1989), vilket
framforallt ar tydligt hos en toppredator som giddda. Efter kalkning har oftast resultatet blivit
minskade Hg-halter i gdddan, &ven om variationen ibland varit stor, och ibland har t.ex. hos
yngre abborre observerats signifikanta tillfalliga haltokningar (Andersson och Kérrhage,
1984; Hasselrot, 1985; Andersson et al., 1995; Meili, 1995).

Fortfarande finns betydande osékerheter om hur olika kalkningsmetoder paverkar
transport och omséttning av kvicksilver savél inom vattensystemen som vilken betydelse den
externa belastningen fran tillrinningsomrdde och direktdeposition har i olika situationer. Olika
berdkningar baserade pa observationer fran ett fatal platser ger varierande resultat, men éven i
det typfall (det kraftigt forsurade Gardsjdomradet) dédr den externa belastningen antas vara
den dominerande faktorn for belastningen pa biota kan sjointern produktion av
metylkvicksilver fortsatt vara betydelsefull (jfr. Hultberg et al., 1995; Rudd, 1995).
Forandringar i sjdarnas ekosystem som paverkar produktion, omséttning samt
bioackumulering kan alltsa vara viktiga for den aktuella belastningen av kvicksilver i fisken
liksom ocksé den externa tillforseln, vilken dessutom kan paverkas av dndrade forhallanden
inom avrinningsomradet (jfr. Hultberg och Munthe, 2001). Observerade fordndringar, bl.a. 1
sjointerna processer, indikerar att flera olika processer kan bidra till att 6ka koncentrationen
av metylkvicksilver i fisk 1 samband med forsurning (Schindler 1999) och kalkning kan
dérvid forvintas reversera dessa processer resulterande i sjunkande halter 1 fisk, som
foljaktligen anyo skulle kunna 6ka i samband med &terforsurning.

Kunskap om hur den externa tillférseln av metylkvicksilver paverkas av olika
behandlingsmetoder i tillrinningsomradet dr for ndrvarande mycket bristfallig. Vissa
observationer finns dock dir vatmarkskalkning har givit 6kade halter i1 fisk, men det kan inte
uteslutas att direkta och indirekta sjdinterna processer ocksa varit betydelsefulla i dessa
sammanhang (jfr. resonemanget ovan; Meili, 1995). Med reservation for kunskapsbrist om
eventuella fordndringar av den externa tillforseln kopplat sérskilt till vatmarkskalkning kan
anda antas att, oberoende av kalkningsmetodik, sjéinterna processer alltid kan vara mycket
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viktiga for halterna av kvicksilver i sj0ars fiskfauna (jfr. Rudd, 1995). Liksom for den externa
tillforseln saknas mer generellt observationer 6ver hur den sjdinterna produktionen av
metylkvicksilver paverkas av forsurning respektive kalkning.

En kraftig forsurning leder vanligtvis till stora fordndringar av biomassor och
produktion och en fungerande kalkning syftar a priori till ett aterstéllande av dessa
forandringar. I bada fallen paverkas de trofiska relationerna mer eller mindre vilket skulle
kunna vara en viktig mekanism for de skillnader som observerats i olika sjoekosystem.
Forkortade och delvis forandrade niringskedjor samt en mycket mindre total fiskbiomassa 1
sura sjoar skulle alltsd kunna resultera i en hogre halt hos giddan i ett system med ofordandrad
belastning av metylkvicksilver. Hoga Hg-halter 1 gddda har ofta observerats i sura sjoar dir
morten har dott ut varvid giddan vanligen har utnyttjat alternativ, t.ex. abborre, som
dominerande fodoresurs. Abborren har vid samma storlek hogre kvicksilverhalt 4n morten
(Bjorklund et al. 1984) och ackumuleringen av kvicksilver i gdddan accelerar vid ett sadant
skifte. An mer markant kan denna effekt bli i sirskilda fall dir storre géiddor sannolikt i hogre
grad upptrader som en kannibalistisk toppredator vilket kan resultera i mycket hog
kvicksilverhalt (Hultberg, opubl.). Situationen fordndras ofta genomgripande vid kalkning dé
befintliga populationer utvecklas och ibland tillkommer nya fiskarter, varvid savil
tillvdxthastighet hos gdddan som den totala fiskbiomassan 6kar. Liknande utveckling sker for
en del andra organismgrupper och sjons ekosystem blir slutligen mer komplett och
komplexiteten okar till en mangfacetterad “néringsvav”. En dterforsurning riskerar, enligt
ovanstdende resonemang, att dter kunna leda till 6kande halter av kvicksilver i gddda med en
fordrojning pa nédgra ér relaterat till att fisk ibland har en ansenlig livsldngd, och effekten
skulle vanligtvis bli tydlig forst nér de nya generationerna av fisk kommer att dominera i
populationerna.

Forutom kvicksilver och aluminium finns det dven beldgg for att zink och kadmium i
manga sjoar i1 forsurade omraden i Sverige forekommer 1 haltnivéer i sjovattnet som ligger
nira de ligsta kinda effektnivderna (20 respektive 0,1 pg I”', Naturvardsverket 1999). Detta
kan séledes forvéntas dven vid en ldngt gangen aterforsurning i tidigare kalkade vattensystem.
Nér det giller kadmium finns ocksé resultat som pekar pa en minskad bioackumulering vid
lagre pH, jamfort med neutrala forhallanden (se vidare Appendix).

Riksinventeringen 1995 (Wilander et al. 1998) visade pa relativt 1aga halter av
metaller i svenska sjoar (Cd t.ex. median 0,01 pug I'"), men med hégre halter av bade kadmium
och bly i surare vatten. Det bor dock noteras att riksinventeringen, som &r en
engangsundersdkning, denna gdng genomfordes under hosten, en period pa aret nér
metallhalterna i vattenfasen ofta ar ldgre &n under vintern och véren, p.g.a. den hogre
partikelbildningen och sedimentationen under sommaren. Som regel kan en tydlig
temporalvariation i sjoar konstateras, med hdgre halter under vintern och varen (se t.ex. Borg
1987; Andersson och Borg 1988; Lithner 1989, Borg et al. 1989). Data frin riksinventeringen
ar ddrmed inte helt representativa for metallkoncentrationen i sjovattnen genomsnittligt under
aret.

Sammanfattande o6versikt av aterforsurningseffekter

Forsurning - kalkning mdjligen f6ljt av dterforsurning utgér i ménga fall omfattande
forandringar av ytvattenkemin och paverkar savél direkt som indirekt biotat i de drabbade
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ekosystem. Befintliga svenska observationer av dterforsurning dr mycket fa och detta
begransade empiriska underlag kan dessutom endast kompletteras med resultat fran nagot
enstaka forsok i Norge respektive Nordamerika (jfr. Appendix). Denna idag tillgéngliga
kunskap om effekterna i samband med aterforsurning av kalkade sjoar kan dock kompletteras
med mer generell kunskap fran framforallt de omfattande skandinaviska studierna av effekter
vid forsurning och kalkning. En serie olika effekter kan forvéntas upptrada i samband med en
kraftig aterforsurning (pH< 5.4) av tidigare kalkade sj0ar vattendrag (for vattendrag dr dock
kunskapsbristen i det ndrmaste total vad géller biologin). Utgdende fran ovanstaende underlag
kan foljande hypoteser om fordndringar vid en sddan aterforsurning formuleras:

e Okad rorlighet av ménga metaller (framforallt de som féorekommer som katjoner),
fordndrad forekomstform i riktning mot mer biologiskt tillgéngliga och ddrmed mer
giftiga former (t.ex. aluminium)

e (Okad kemisk/biologisk fastldggning och minskad atercirkulation av fosfor fran bottnarna
(oligotrofiering)

e fordndringar inom framst de ldgre trofinivaerna samverkar och medfor en minskad
cirkulation av ndringsdmnen vilket bidrar till oligotrofieringen av pelagialen

o trofiska interaktioner som predations- och konkurrensmonster forandras nér
fiskpopulationer fordndras, minskar och slutligen férsvinner helt

e aterforsurningens snabba forlopp medfor risk att ”icke forutsebara” kemiska och/eller
biologiska effekter kan uppsta.

Trots att flera studier har initierats under de senaste aren ska de i nuliget observerade
effekterna (jfr. nedan och beskrivningen av experimenten) kanske snarare ses som
indikationer pa reaktionsmonster (jfr. hypoteserna ovan) vilkas validering endast kan ske
genom ytterligare forskning och 6vervakning. De bada dldre studierna, Lysevatten och
Révekarrs Langevatten, behandlar dessutom gravt forsurningsskadade sjoar. Specifikt for
dessa sjOar 4r att de dr beldgna inom de omraden pa Vistkusten som utsatts for langvarig
forsurningsbelastning l&ngt 6ver den kritiska nivan och dirfor har en omfattande
markforsurning i tillrinningsomradena. Det sista postulatet nedan, liksom dven den sista
hypotesen ovan, relaterar till utvecklingen av trddalgslaktet Mougeotia i Lysevatten till en klar
oldgenhet med problem for sdvil bad som fiske under nagra ér. Erfarenheterna fran dessa
aldre studier dr dock i linje med bade hypoteserna ovan och de generella resultaten fran
forsurnings- och kalkningsstudier. Sammanfattningsvis har f6ljande effekter observerats:

e fOrdndrad vattenkvalitet medfor minskad sedimentation av metaller med hogre halter i
vattnet som f6ljd, utlosning fran sedimenten bidrar i varierande grad

e (Okade metallhalter 1 sjovattnet resulterar 1 6kad transport till nedstroms beldgna
vattendrag och sjosystem (inom vissa system slutligen kusthavet)

e forsurningskinsliga vaxt- och djurplankton minskar och ersitts delvis av nya téligare
arter

o forsurningskénsliga bottenlevande evertebrater minskar och forsvinner slutligen andra
taliga arter tillkommer eller 6kar

o fiskpopulationer minskar och forsvinner till sist, genom stdrningar av reproduktion och
rekrytering

o fiskens kondition minskar liksom fangstbarhet i 6verlevande fiskpopulationer

e beroende pa utgangssituationen kan de strukturella fordndringarna ge instabila
ekosystem, vilket kan att resultera i oonskade biologiska fordndringar
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Vétmarkskalkning anvénds under speciella hydrologiska villkor men de biologiska
fordndringarna och effekter pé intern néringscirkulation forvéntas i dvrigt att vara desamma
som vid aterférsurning efter vanlig sjokalkning. Kalkspridningen sker dock koncentrerat med
hoga doser varfor aterforsurning av sadana kalkningsobjekt kommer att medfora nagra
sdrskilda karakteristika. I en pagdende studie i Lofsdalen (se appendix) har féljande specifika
effekter observerats:

e Okad metallrorlighet i ytliga skikt av vatmarkerna, sérskilt for aluminium (dndrade
forekomstformer med 6kad andel labilt oorganiskt aluminium)

e Okat utlickage av vissa fraktioner av humusédmnen (fulvosyror) medfor 6kad vattenfarg
och o0kad utlosning fran forrdd av tidigare utfallda metaller

o Okad risk for utfillning av utlakat jarn och mangan pé vattendragens bottnar langre
nedstroms dér pH-virdet dterigen &r hogre, medfor 1) forsdmrade livsvillkor for
bottenfauna och véxtlighet 1 strémmande vatten och 2) forstorda lekbottnar for fisk 1
bade sjoar och stromvatten

I sjoar och vattendrag med frén borjan ringa eller mattlig forsurning kan en
aterforsurning (séllan till pH-varden mycket <6,0) forvéntas resultera i mer marginella
effekter sdrskilt med hinsyn till den fortgdende minskningen av belastningen. I de flesta fall
kommer endast de allra kinsligaste arternas populationer riskera att paverkas. Inom vissa
regioner utgdr dock surstdtar med infloden av temporirt forhdjda halter av oorganiskt
aluminium fortsatt ett hot som kan resultera i mer omfattande, men vanligen tillfdlliga,
effekter. Mer regelbundet upptradande surstotar riskerar dock, sdrskilt 1 de fall
fiskpopulationer paverkas negativt, leda till mer bestdende effekter beroende pa forandringar
av interaktionsmonster. Surstdtarna riskerar dessutom mera allmént att utgora ett allvarligt
problem 1 manga vatten under den langa aterhdmtningsfasen, vilken startat genom att den
forsurande depositionen minskat, men som i de mest extremt forsurningspdverkade omraden
kommer att pagé atskilliga decennier.

Ett sérfall utgor de vatten som, framforallt i nordligare lagbelastade omraden, kalkats
sasom varande sura, men dér dagens kunskap 1 manga fall visat att den viktigaste faktorn &r en
naturlig forsurning via tillférsel av ansenliga méngder organiska syror under hogfloden(t.ex.
Bishop och Pettersson, 1996; Laudon, 2000). En slopad kalkning resulterar naturligtvis dven i
dessa system i en aterforsurning, till en situation som mgjligen utgor den “naturliga”, varvid
kalkning kanske har skett utifran fel kriterier. Denna problematik hanteras dock bést i
samband med den 6versyn av kalkningarna som foreslas nedan (jfr. 1 avsnittet om
”Beddmningskriterier for dterforsurning av kalkade vatten”).

Aterverkningar pd den biologiska mangfalden

En dterforsurning av sjoar och vattendrag innebdr 1 huvudsak att en utveckling startas i
riktning mot ett forsurat ekosystem vars sérdrag slutligen beror av sdvil férsurande belastning
(slut-pH) som hastighet i forloppet samt systemets initiala status (artstruktur och funktion).
Utvecklingen av ekosystemets artdiversitet kan askadliggoras genom nedanstaende
schematiska figur. Konceptet bygger pa resultaten fran studier i forsurade och kalkade vatten
(Henrikson och Brodin, 1995; Hindar, 1997) men med tilldgg av ytterligare ett
utvecklingssteg, ndmligen den aterférsurning som diskuterats i foreliggande rapport.
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Figur 22. Schematisk beskrivning av ett sjdekosystems diversitet (artantal och komplexitet i
interaktioner) under "normala”(ursprungliga systemet) férhallanden samt vid stark extern paverkan
sasom forsurning, kalkning och aterférsurning. Cylindrarna aterger omraden inom vilka systemet ar
stabiliserat och med hdg resistens mot mattlig paverkan fran externa krafter eller interna férandringar.
Tjock pil askadliggor en tankbar utveckling systemet kan genomga via slump och normal
mellanarsvariation, medan de tunna pilarna visar utveckling fran ett stabilt system till ett annat vid
stark extern paverkan.

Ett ursprungligt (av storre externa krafter opaverkat) system kommer vid olika
tidpunkter att ha en nagot varierande artstruktur (den kraftiga vaglinjen) men ofta med
ungefdr samma antal arter dr fran ar (figur 22). Langsiktigt kan dock en avsevird
artomsittning forvantas ske, denna sker dock sa att viktiga funktioner hela tiden uppehélls av
“komplementéra arter” (jfr. Havens och Carlsson, 1998). Forsurningen orsakar sedan en
kraftig utarmning av arter, men inom ett relativt brett spektrum beroende pa hur langtgaende
paverkan dr. Genom kalkning initieras en utveckling mot en dtergang, dterigen dock inom ett
vitt spektrum varfor avvikelserna mot det tdnkta ursprungliga cirkumneutrala systemet kan
vara relativ stora. En aterforsurning skulle &nyo medfora en artutarmning, men artstrukturen
kan avvika (delvis markant) frdn den som forekom 1 det initialt forsurade systemet eftersom
utgangsldget i det kalkade systemet kan vara mycket annorlunda. I de fall dér en viss
forsurningsaterhdmtning dessutom gor sig gillande skulle detta innebéra att det aterforsurade
ekosystemet kommer att kunna vara patagligt mindre surt dn for 30 &r sedan, varvid ffa. ett
hogre pH skulle paverka savél artsammanséttning som total diversitet olika beroende pa inom
vilket pH-intervall aterhimtning skett. Mycket 14ngsiktigt kan dessutom dven aterforsurade
system komma att sakta paverkas av pagaende minskande forsurningsbelastning (medfor
hogre ANC och pH samt ldgre Al-halt) och dérvid att genomgé en gradvis fordndring av
artsammansattningen mot en struktur som ar mer typisk for vatten med hogre pH-vérden. For
att ge perspektiv pd aterhdmtningen kan hér anforas att sirskilt betydelsefullt torde vara att
pH-virden 6ver 5.5 och en viss alkalinitet uppnas, varvid ett mer komplett ekosystem med
flera fiskarter kan utbildas. Motsatsen utgors av system dér en kraftigt minskad belastning
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visserligen resulterar i att pH okar frén t.ex. 4.5 till 5 men dér d4ven en sddan markant
aterhdmtning av vattenkemin fortfarande i de allra flesta fall omojliggor aterkolonisering av
de flesta fiskarter och systemets diversitet och funktion forblir ddrvid dven fortsittningsvis
markant fordndrat med en fortsatt evertebratpredation som viktig faktor.

De fordndringar som skisserats ovan innebir att ekosystemet i vissa skeden har en
delvis utarmad artsammanséttning och samtidigt dr interaktionsmonstren i systemet paverkade
i varierande grad (jfr. Schindler, 1990, Havens 1993, 1994). I sadana situationer kan en kraftig
extern stress (kalkning respektive aterforsurning) medfora att stora fordndringar av
artsammansittning och abundans kan uppsté. Forandringarna sker dock vanligen inom ett
visst register av arter som dr ndgorlunda vél anpassade till den normala variationen inom det
aktuella akvatiska ekosystemet. Undantagsvis, och da for kortare perioder, kan en radikalt
annorlunda systemstruktur uppstd. Sddana hindelser har observerats, t.ex. blomning av
planktonalger i samband med kalkning (Alends, 1986, Larsson 1988) eller massforokning av
tradalger 1 samband med édterforsurning (Andersson och Hultberg, 1997). Orsaken dr sannolikt
av att de redan stressade ekosystemen ifraga atminstone tillfalligt har 1&g formaga att anpassa
sig till fordndringen. Inom ett system med mycket {4 arter &r komplementariteten 14g, vilket
kan innebdr att bortfall av ndgon art medfor forlust av en viktig funktion eller reglerande
interaktion. Som f6ljd kan till synes slumpmassigt en ofta “udda”art expandera och totalt
dominera systemet under en tid. En inte minst tidsméssig utveckling av den nya situationen
ger mojlighet for anpassade arter att kolonisera eller expandera varvid fler
regleringsmekanismer aterskapas och succesivt fordndras systemet i riktning mot en mer
“normal struktur och funktion innebdrande en stabilisering, vilket ocksa kan innebéra dkad
forméga att motsté ytterligare extern stress.

SJOAR | RISKZONEN

Utvecklingstrender — deposition av forsurande amnen och metaller

Forsurningsutveckling

Under tidsperioden fran ca. 1970, da kalkning av sjoar paborjades, har de svenska
utslippen av svavel minskat med drygt 80 % (Agren, 1993). Nir s smaningom #ven de
europeiska utsldppen minskade patagligt har detta, framst under det sista decenniet, resulterat
i en ca. 60 % reduktion av det sura nedfallet (Ferm och Hultberg, 1998). P4 Viastkusten
innebir detta en minskning fran storleksordningen 25 - 30 kg S ha &r™' till ca. 10 kg S ha™ ar
' i gammal granskog. Minskningen kommer att fortga enligt Goteborgsprotokollet si att en ca.
80 % reduktion av utsldpp och nedfall berdknas kunna ske réknat fran 1990 till ar 2010 (jfr
ockséd Lovblad ef al., 1995; Amann et al., 1998). Nagon liknande minskning av
kvavenedfallet har hittills inte skett, utan minskningen av kviavenedfallet 4 mycket mindre
och startade l&ngt senare. Riskerna for en kvivemittnad, utlakning av nitrat, och ddrmed
direkta bidrag till forsurningen (jfr. Henriksen et al., 1997) ar dock liten for de flesta svenska
ytvatten som paverkats markant av forsurningen.

Reduktionen av det sura nedfallet har medfort att for en hel del ytvatten underskrids
numera den kritiska belastningen, och en aterhdmtning kan ske utan kalkningséatgiarder. Dock
Overskrids fortfarande den kritiska belastningen i de mest kidnsliga systemen och kommer sé
att gora dven nir nu beslutade reduktioner uppnétts, varfor ytterligare reduktion av
emissionerna kriavs. Manga av dessa kénsliga system utgor de som paverkats mest och de
utgdr dessutom huvuddelen av kalkningsobjekten. Trots markanta minskningar av
sulfathalterna har inga eller endast sma forhojningar av pH skett samtidigt som bade
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baskatjoner och aluminiumhalt dock minskat ungeférligen proportionellt (jfr Wilander et al.,
1998).
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Figur 23. Utvecklingen av pH i ytvattnet fran den kraftigt forsurade Harsevatten (PMK-data, Inst. for
Miljdanalys, SLU), samt i utloppet fran norra delen av St. Hastevatten (arsmedel och 95%
signifikansintervall). Alla data fran 0.1 - 2.0 m djup).

Aterhiimtningen i manga sjdar kan forutses bli mycket ldngvarig beroende pa
ackumuleringen av svavel och forluster av baskatjonférrad 1 jordarna, och 1 vissa fall finns
risken att en full dterhdmtning 6verhuvudtaget inte kommer att kunna ske (Moldan ef al.,
1999). I de fall en aterhdmtning inte kan forutses finns ett klart behov av andra insatser t.ex.
markkalkning for att hoja basméattnadsgraden och ddrmed uppné de ursprungliga
vattenkemiska forhdllandena. Inom de hérdast forsurningsskadade och extremt kinsliga
omradena (frimst inom sydvistra Sverige) kommer alltsa ett stopp av kalkningarna att leda
till langtgaende aterforsuring (pH << 5,4) med pé nagra érs sikt avsevérda biologiska effekter.
Aven inom dessa omréden har dock ibland signifikanta forindringar av vattenkemin skett som
1 Hérsevatten och den narbeldgna mindre forsurade St. Histevattens norra del (figur 23). Den
senare skulle vid aterforsurning kunna fortsatt hysa fisk, medan den forra behover ldng tid och
ytterligare depositionsminskning for att d&ven taliga fiskarter ska overleva.

Inom ménga omraden ar forsurningskansligheten ldgre (bl.a. omréden i norra Sverige),
och dir underskrids den kritiska belastningsgransen redan eller kommer att underskridas,
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varvid en aterhdmtning kan forvéntas ske under de nirmaste decennierna (jfr Ek ef al., 1995).
Ett stopp for kalkning i objekt inom de senare omrddena kommer alltsa att fa avsevért mindre
biologiska effekter och formodligen mestadels att bli av mer temporér karaktér innan
aterhdmtningen skett &ven inom avrinningsomradets jordar

Metalldepositionen

Depositionen av luftburna metaller har minskat under de senaste decennierna, sérskilt
kraftig 4r minskningen av de metaller, bly och kadmium, som i huvudsak harrér fran avlagsna
kéllor och fors till Skandinavien via langdistanstransport med fororenade luftmassor. Enligt
mosskarteringarna i Skandinavien minskade bade bly- och kadmiumnedfallet med ca. 50 %
under tidsperioden 1975 till 1985, och med ytterligare 30 % respektive 15 % fram till 1990
(Bernes, 1987; Riihling ef al., 1987, 1992). Blynedfallet har minskat ytterligare fram till 1995,
medan kadmium ligger kvar pa samma niva som 1990 (Riihling et al., 1996) vilket framgér av
figur 24 nedan. For bly utgdr minskningen av anvdndningen av blyhaltig bensin den viktigaste
faktorn till observerade minskningar. Blynedfallet i vatdepositionen minskade proportionellt,
medan inga andra metaller hdr minskade signifikant mellan 1985 och 1991 (Ross, 1991).

HALT AV KADMIUM

| MOSSA
(ug g torrvikt)
I over 1.20
[ o0.80 - 1.20
] 0.60 - 0.80
| 0.50 - 0.60
[ 0.40 - 0.50
[ 030 - 0.40
0.20 - 0.30
0.10 - 0.20
under 010

Figur 24. Nedfallet av kadmium som det aterspeglas i halten av mossa. Fran Rihling et al., 1996.
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Ovriga tungmetaller som Zn, Cu samt Cr och Ni med ett visentligt storre lokalt bidrag
har inte minskat lika mycket. For zink, som forutom de lokala kdllorna har ett vasentligt
langdistansbidrag, var minskningen ca. 20 % och liknande minskning uppvisade nickel,
medan koppar och krom uppvisade &n ldgre minskningar, 15 %, respektive 5 - 10 %.

Aven for nedfallet av kvicksilver indikerar de senaste data att en visentlig minskning
skett under de allra senaste &ren. Salunda minskade nedfallet fran ca. 25 pg m™ ar' under
1985 - 1989 till ca. 10 pg m™ ar"' aren 1990 - 1992 ( Iverfeldt et al., 1995).

Hur stora effekter det minskade nedfallet fatt pa lackaget till ytvattnen fran de stora
forraden 1 avrinningsomrédenas jordar dr oklart och ddrmed hur stor den totala
belastningsforandringen &r. Nyligen rapporterade resultat visar att markforsurningen i Sverige
fortsdtter att oka trots den minskande syradepositionen (Wilander och Lundin, 2000). Den
okade markforsurningen kan medfora en fortsatt utlakning av metaller fran saidana marker.
For metaller som fastldggs hart i mark sdsom bly, och dér direkt nedfall pa sjoytan
foljaktligen dr en viktig faktor, har dock belastningen pa ytvattnen minskat kraftigt under
perioden. Prognoser framtagna inom arbetet med kritisk belastning for Hg, visar att en hog
belastning pé fisk kommer att kvarstd under mycket lang tid, speciellt i humdsa vatten, p.g.a.
befintliga markdepder av Hg (Meili et al., 2002). I den utstrackning belastningen fran
avrinningsomradet minskat mera generellt s kommer bidraget fran metallforrad utfdllda
p.g.a. kalkning naturligtvis att relativt sett bli viktigare i samband med &terforsurning.

Forsurade och kalkade sjoars pH-utveckling vid dterforsurning

I syfte att forsoka prognostisera omfattningen av skadorna vid aterforsurning har
berdkningar gjorts av antalet sjoar som kan klassas som mest kénsliga for en aterférsurning,
dvs. pH vid éterforsurning blir < 5,4. Dessutom redovisas ytterligare en klass som omfattar de
sj0ar som vid en aterforsurning berdknas f4 pH-viarden ndgonstans mellan 5,4 och 6,0 (figur
25 a). Slutligen redovisas en sista klass som omfattar alla sjoar som enligt vara berdkningar
inte skulle f4 pH-vérden under 6,0 vid ett stoppande av kalkningen (figur 25 b). De
sistndmnda sjoarna dr den del av samtliga kalkade sjoar som inte kommer att i egentlig
mening undergd ndgon aterforsurning.

De data som anvéndes vid berdkningarna dr hamtade frén riksinventeringen varen
1990 (Bernes 1991), dér vi har fatt tillging till pH fore kalkning i de kalkade sjoarna. Totalt
innefattar detta material 4017 sjéar varav 618 &r kalkade och 136 &r pdverkade hogre upp 1
vattensystemet utan att sjilva vara kalkade. Materialet baseras pa ett slumpmassigt urval och
kan extrapoleras till vad detta skulle innebéra for de totalt ca. 7500 sjoar som kalkats.

Svaveldepositionen har minskat med ca. 60 % sedan slutet av 1980-talet. Den totala
syradepositionen, inklusive bidrag fran kvéve, har minskat nistan lika mycket. Om vi
generellt antar att en ca. 50 - 70-procentig reduktion skett, motsvarar detta vid ett nytt
jamviktsldge en pH hojning som blir beroende av de specifika forhallandena i varje enskilt
fall, vilket kan approximeras med den s.k. F-faktorn (jfr. Henriksen, 1980). Savil F-faktorn
som relationer mellan pH och kvoten icke marint kalcium / sulfat eller kalcium + magnesium
/ sulfat varierar, men 6verslagsmassigt har berdkningar skett for nagra typfall med hjilp av
ekvationer givna av Hultberg (1985b). Med antagande av att F-faktorn har vdrdet 0,5
resulterar berdkningarna i pH-0kningar av storleksordningen 0,2 - 0,6 enheter vid pH-vérden
kring eller under 5,0
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For berdkningarna, baserade pa pH-data i svenska sjoar i riksinventeringen varen 1990
(Bernes 1991) fore kalkning, valdes for enkelhetens skull ett vérde p& 0,3 pH-enheter som den
6kning den nuvarande depositionsminskningen ger upphov till (dvs. pH fore kalkning + 0,3).
Observera dock att aterhamtningen dr en starkt tidsberoende process och “jamvikt” uppnas i
manga fall forst efter 14ng tid.

25 a. 25b.
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Figur 25. Karta baserad pa riksinventeringen 1990. Axlarna representerar x- och y-koordinater. De
vita punkterna representerar hela sjomaterialet. 25 a. De rdda kryssen representerar de mest kénsliga
sjdarna dvs. pH vid aterférsurning blir < 5,4 och de lila rutorna representerar de sjéar som vid en
aterforsurning beraknas fa pH-varden mellan 5,4 och 6,0. Enligt berékningar (se texten) riskerar 22 %
av de kalkade sjoarna att na pH 5,4 eller Iagre. 25 b. De roda kryssen representerar de sjéar som vid
en aterférsurning beraknas fa pH-varden < 6,0 medan de grona rutorna omfattar de sjdar som enligt
vara berakningar inte skulle fa pH-varden under 6,0 vid ett stoppande av kalkningen.

Andelen sjoar som kan komma att aterforsuras till pH 5,4 (motsvarar alkalinitet = 0,
d.v.s. buffringsformégan slut) i detta material blir d& ca. 22 %, och andelen sjoar med pH ner
till pH 6,0 blir ca. 53 % (figur 25 ). Av de kalkade sjoarna i Sverige utgor dessa andelar alltsa
ca. 1700 st. respektive 4000 st. Som véntat visar kartan att det stora flertalet av de sjoar som
kan komma att aterforsuras till pH-védrden under 5,4 ér beldgna inom de omraden i SV
Sverige som dr mest forsurningsskadade. Av berdkningarna framgar alltsé att i
storleksordningen hélften av de kalkade sjoarna inte skulle aterforsuras (f4 pH <6,0) vid en
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stoppad kalkning. Aven vid detta pH-virde riskerar dock de allra mest kiinsliga organismerna
att kunna péaverkas.

Att sdrskilja ytterligare pH-nivaer med gréanser vid ca. 6,2 - 6,4 for att kunna garantera
att inga skador uppstér pd de mest kinsliga organismerna kan inte anses meningsfullt. Vissa
av dessa organismer kan vara sillsynta och kanske hotklassade arter och hér bor snarare en
forsiktighetsprincip gélla. Detsamma giller ocksa avseende garantier for att de mycket
kinsliga anadroma arterna lax och havsoring i vissa vattensystem inte paverkas negativt vid
en stoppad kalkning. En dterforsurning kontra dterhdmtning dr starkt tidsberoende foérlopp och
skulle 1 princip krava en dynamisk modellering for att ge rétt tidsperspektiv pa nir kalkning
kan stoppas.

SLUTSATSER OCH REKOMMENDATIONER

Slutsatser

e En avslutning av kalkningsatgdrderna kommer 1 manga sjoar oundvikligen att leda till
aterforsurning 1 varierande grad beroende av den aktuella sjons belastningssituation
och tillimpad kalkningsstrategi. Sdlunda finns det ca. 4000 sjoar déar pH skulle komma
att bli lagre &n 6 och ca. 1700 sjoar dér pH i slutskedet skulle komma att understiga
5,4. Detta trots att den forsurande svaveldepositionen har minskat mycket kraftigt (>
60 %) sedan slutet av 1980-talet.

e Nira hélften av antalet kalkade sjoar (3500 sjoar) med frén borjan méttligt eller ringa
kalkbehov kommer med hénsyn till den pdgdende minskningen av belastningen inte
att aterforsuras, d.v.s. pH forblir > 6,0. En del av dessa sjoar och framforallt
vattendrag kommer dock att &tminstone temporért kunna péverkas av surstotar varvid
dock effekterna kan forvintas bli marginella eller mattliga.

e Aterforsurningen kommer att forlopa som en reversering av den vanligen positiva
utveckling som kalkningen medfort, vilket innebér att kinsliga arter &nyo kommer att
minska och slutligen forsvinna med mer eller mindre omfattande forluster av biologisk
mangfald som resultat.

e Skador pa nyckelarter som fisk kommer att paskynda de negativa fordndringarna
genom att predationen minskar, och darmed forédndras regleringen inom ekosystemet.

e [ system dir kalkningen relativt nyligen dr paborjad och aterhdmtningen &r
ofullstindig, kan slumpartat en negativ utveckling ske p.g.a. brist pa intern stabilitet.
Sannolikt forblir sddana effekter relativt kortvariga men risken for att det negativa
ekosystemet stabiliseras dr inte mdjlig att forutse..

e Den stora hastigheten varmed aterférsurningen kan ske, riskerar i starkt belastade sjoar
att medfora stora biologiska fordndringar och sirskilt i sjoar dér aterhdmtning efter
kalkning ar ofullstindig.

e Det finns indikationer pa att metallhalterna i vattenfasen under vissa forhéllanden

skulle kunna 6ka som foljd av utlakning fran sedimenten. Omfattningen av denna
metallutlosning dr dock oklar, d.v.s. det &r inte klarlagt vilka sjoar som skulle komma
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att drabbas mest. Storst dr dock risken 1 starkt forsurade sjoar som har kalkats under
lang tid och som ligger inom hért forsurningsbelastade regioner.

Kvicksilverbelastningen i fisk kan dter oka 1 sjoar som aterforsuras till nivaer dér
genomgripande fordndringar av naringsvédven i ekosystemet sker.

En aterforsurning inom storre omrdden kommer p.g.a. lokalt "utdéende” av vissa
kansliga organismer att forsvara och fordroja en aterhdmtning av biologin i en framtid
dé forsurningsbelastningen generellt natt under den kritiska belastningen.

Bedomningskriterier for aterforsurning av kalkade vatten

Aterférsurningen av manga sedan linge kalkade ytvatten kommer att medfora stora
forluster av biologisk méngfald och kan i vérsta fall, om inte noggrann planering sker, komma
att drabba dven hotklassade eller séllsynta arter, kanske frimst de som forekommer 1 olika
vattendragsmiljoer. Det dr dessutom nddvéndigt att beakta fiskets intressen eftersom skadorna
pa fiskpopulationer och dirmed mojligheten till utnyttjande for framst sportfiske varit en
viktig faktor for val av kalkningsobjekt. med hinsyn till naturvardens och fiskets intressen &r
det déarfor av vikt att lokal planeringssamverkan och forankring av ev. forandringar sker.

I den fortsatta kalkningsverksamheten foreslds f6ljande procedur dér i huvudsak den
vérdering som ligger till grund for ett 100 % bidrag primért bor beaktas vid prioriteringen:

Manga av de storre projekten med 100 % bidrag utgor kalkningar av hela vattensystem
eller storre sjoars tillrinningsomrdden. Dessa kalkningsinsatser bor ses dver i ljuset av
att svaveldeposition idag &r ca. 60 % ldgre &n for ett decennium sedan och dessutom
forvéntas sjunka ytterligare. Vid dversynen bor dven dkad kalkningsinsats beaktas dér
s kan krivas for att nd malsittningarna. Minska kalkningarna endast om detta kan ske
utan att pH sjunker under 6,0 och vattenhalten av labilt oorganiskt aluminium
overstiger 20 pg 1. For vattendrag med lax eller havséring bor gilla att pH inte far
underskrida 6,2 (eller t.o.m. 6.4) och labilt oorganiskt aluminium inte far 6verskrida
20 pg 1" under den kritiska smoltifieringsperioden (senvinter — var). Om det finns risk
for att aterforsurningseffekter ska drabba sjoar eller vattendrag med vélkdnda
forekomster av hotklassade arter, sirskilt evertebrater, bor reduktion av kalkningarna
undvikas eftersom dessa arters allmédnna status delvis dr déligt kénd.

Se over kalkningsprojekt inom de regioner i landet dir den kritiska belastningen av
svavel redan underskrids eller kommer att s& gora inom en snar framtid. Inom manga
av dessa omraden torde markforsurningen och dérfor ocksa lickaget av toxiska
aluminiumformer vara vésentligt lagre &n inom omraden med historiskt eller fortsatt
hog svaveldeposition. Optimera kalkningsstrategierna och vidtag reduktioner om
risken for aterforsurningsskador ér liten (pH > 6,0 och halter av labilt oorganiskt
aluminium < 20 pg I dven efter reducerad kalkning). Observera dock sarskilt risken
for surstotar vilka fortfarande kan ge skador pa fisk med risk for kaskadeffekter inom
ekosystemet.

I en hel del kalkningsobjekt var de initiala forsurningsskadorna mycket smé eller

obefintliga. Genom kalkning av sddana objekt har forsurningsskador kunnat undvikas
(forebyggande skydd). Se over och vérdera alla sddana objekt i relation till den
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minskade belastningen och grundkriterierna for vattenkemin, pH > 6,0 och halter av
labilt oorganiskt aluminium < 20 pg 1" . Ta dock sirskild hansyn till att dessa system
kan innehalla mycket kénsliga arter eftersom paverkan initialt var liten. Systemen kan
dessutom utgora viktiga refuger for kommande dterkolonisation av dessa arter till
andra mer drabbade vatten.

Inom omraden med hog belastning bor ’0vriga” projekt (ej 100 % statsbidrag) ses
over 1 avsikt att utarbeta en optimal strategi for att minimera skador om en reduktion
av verksamheten av ndgon anledning skulle bli nddvéndig. Varje reduktion av
kalkningen kommer inom dessa omraden oundvikligen att leda till en mer eller mindre
langtgéende dterforsurning med risk for allvarliga skador pd ekosystemet. Alternativa
strategier kan innebdra langre tidsmellanrum mellan kalkningsinsatserna och/eller
minskade kalkdoser vilket dock 6kar riskerna for negativa effekter. Men dessa
strategier borde snarast ses som ett kortvarig alternativ i en akut situation (tillfallig
medelsbrist) dé risken 0kar for surstdtar och paverkan under extremt regniga ar.
Kaskadeffekter genom olika trofinivéer orsakade av att fiskpopulationerna paverkas
starkt bor undvikas. I detta sammanhang bor dessutom risken for 6kade
kvicksilverhalter i fisk sérskilt beaktas. Om nedskérningar dnd& maste ske, anlagg ett
perspektiv dir kalkade refuger behalles som framtida kolonisationscentra.

Prioriterade forskningsinsatser om aterférsurning

Storre fordndringar i kalkningsverksamhetens omfattning vilka medfor aterforsurning
maste ovillkorligen f6ljas upp genom kemiska och biologiska monitoringprogram. Detta &r
viktigt bade for att f4 nddvandig kunskap for det framtida aterhdmtningsforloppet och for att
kunna minimera skador i nuldget. Det samlade kunskapsunderlaget om effekter av
aterforsurning ar begransat. Det harror dessutom i huvudsak fran starkt forsurade sjoar i vilka
noterade effekter som f6ljt i samband med terforsurningen mojligen inte &r helt
generaliserbara. Darfor foreslér vi att foljande punkter bor beaktas i ett nytt forsknings- och
uppfoljningsprogram:

Effekter av aterforsurning studeras i langvarigt kalkade vatten (15 - 20 ar) bade mer
detaljerat (forskningsprogram) och pd monitoringbasis.

I dessa studieobjekt bor ocksé studeras hur den biologiska strukturen forédndras och
hur detta paverkar kvicksilverhalten i fisk och andra organismer vid aterférsurning.

For att detaljstudera de biologiska interaktionerna i samband med aterférsurning och
for att kvantifiera omséttningen av aluminium, tungmetaller och nérsalter medelst
massbalansmetodik bér mer omfattande forskningsprojekt startas i ndgra lampliga
sjOsystem.

Slutligen bor genomforas undersokningar (virdering) av olika metoder for att undvika
negativa effekter av surstotar 1 sjoar och vattendrag dér kalkning upphdér, och dér
forsurningen initialt var mattlig.
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PREFACE

In Sweden, the severe biotic damages to surface water biota caused by acidification
have been counteracted in two principally different ways. One is a decrease of emissions of
acid precursors involving both legislative procedures and more general changes of processes
and community policies. The other being a direct intervention by neutralisation of acidic
surface waters whereby protection of endangered biota is offered or, in the case of damages
occurring, a possibility for “restoration” is created. Changes of emissions have been
successful in a Swedish perspective, but a general decrease in acidic deposition was not very
effective until early in the 1990ies, when the European common efforts became significant,
with an overall reduction of approximately 40 % by 1995. An improvement due to this
decrease in acid loading still has to be proven for a large majority of Swedish surface waters
though. Meanwhile, many thousands of acidified lakes and well above a ten thousand
kilometres (probably in the range of 12000 km) of streams have been treated with limestone
for neutralisation to protect sensitive ecosystem.

It is probable that this liming policy hitherto has protected and saved more biotic
diversity than any other management procedure in Sweden, though the full comprehension of
the liming effort in this context still has to be finally evaluated. Nevertheless, without the
operational liming programme initiated in 1976, a lot more unique fish strains and other biotic
diversity had been extinguished today, and a recovery or “restoration” being much prolonged
or more difficult to perform. Then recently, it was suggested by a governmental proposition
that this liming effort should be decreased, thereby creating a risk for reacidification of limed
objects and new threats to sensitive biota of the surface waters subject to this development. In
order to achieve a perspective on the risks that different ecosystems may encounter and find
criteria for prioritising of objects, a review of the reacidification issue has been initiated.

This report is a literature review focused on the objective to estimate the possible
effects and potential risks for biological damage caused by a reacidification of limed surface
waters. However, as there are few actual reacidification studies, the evaluation has to be based
by and large on abiotic and especially biotic effects observed in connection with acidification
and liming. In the paper, by definition reacidification of limed waters is meant to be a
substantial chronic change back towards decreasing ANC, increasing acidity and aluminium
levels, the result of an intentionally chosen halting (or postponement) of further
neutralisation intervention.

The result of this review, expressed opinions and recommendations for the
management procedures during reduction of the liming programme are the sole responsibility

of the authors. The funding for this study by the Swedish Environmental Protection Agency is
gratefully acknowledged.

Ingvar Andersson, Hans Borg, Frida Edberg and Hans Hultberg

Goteborg and Stockholm, December 1999.
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SUMMARY

This paper reviews effects following liming of acidified surface waters with the
intention to facilitate assessment of possible ecosystem responses by reacidification. There is
an obvious risk that an extensive reacidification would follow reduced liming due to an
intentional reduction of the Swedish liming programme (about 25 %) when fiscal allocation
of money is changed.

It is anticipated that the halting of liming in a lake causes a decrease in alkalinity and
pH (reacidification) and concomitant increase in toxic aluminium forms within usually 2 to 3
residence times, i.e. for most lakes a time span of approximately 2 to 6 years. Thereby, the
recovery process once started by the initial liming, implying a positive development of
species diversity for most groups of organisms, especially the more acid sensitive snails,
ephemeropterans, and some crustacean species, is halted and reversed. For the same reasons,
as liming would not restore lakes and streams back to a defined pristine condition, the
reacidification reversal, although hypothesised to ultimately result in loss of fish and other
sensitive species, would usually not end with a final ecosystem structure identical to the
originally acidified lake. However, most probably deviations in species composition from this
acidic pre-treatment ecosystem might generally be rather marginal and probably without
significance for the function of the new acidic ecosystem when stabilised.

Results from a few field studies focusing on reacidification indicate that changes may
sometimes become drastic as species able to live in the acidic environment could at least
temporarily proliferate to create nuisance problems. However, similar results have also been
observed during liming and indicate a possible lack of resilience in some ecosystem probably
due to a fundamental lack of species interactions that usually tend to regulate trophic levels
within the lakes. Fish populations are supposed to be a key factor for this regulation. During
reacidification, heavy metal concentrations would again increase, partially due to dissolution
from the bottoms of deposited material, though the importance of this is unclear. Similarly,
reacidification would increase toxic aluminium forms, though dissolution of stores
precipitated during the liming period, as hypothesised, is probably only of minor significance
for the process.

Overall, a large number (>1700) especially of southern lakes and small streams would
reacidify to pH values below < 5.4 if liming were to be halted. This is due both to a
continuing acid loading well above the critical load, and the profound and deep soil
acidification that is characteristic for the sensitive areas subject to a prolonged and severe
acidification. Furthermore, many other liming objects would acidify to levels (< 6.0) where at
least very sensitive biota is damaged, and in case this affect sensitive fish populations the
effects for the ecosystem will be more general as interactive patterns may change and start a
cascading chain of effects. The almost complete lack of practical well documented
experiences of reacidification hampers any thorough assessment, though reacidification
development may be postulated to parallel initial acidification and reversing liming
development. The potential for widespread biotic, in general undesirable effects, as observed
in experiments indicate that sound precautionary principles must be observed and
reacidification be avoided to the extent possible in case of sensitive and valuable fauna and
flora components occurs in the waters that are subject to treatment.
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INTRODUCTION

The first Swedish observations of decreased fish stocks in forest lakes in
southwestern Sweden occurred around 1960 and later this phenomenon was associated to
the increased acidity of rain due to anthropogenic emissions of sulphur dioxide (Odén,
1968). Since then, the acidification and the consecutive biotic effects in many Swedish
surface waters have been a continuous urgent scientific and public/political issue. Along
with the emerging Swedish awareness of acidification and the damage caused to natural
resources in remote lakes and streams (e.g. Almer et al., 1974; Grahn et al., 1974; Almer et
al., 1978), remedial actions were implemented. These actions included both legislative
procedures for emission reductions and in parallel, ameliorative or protective interventions
like limings for ecosystem redevelopment (cf. Brinck et al., 1988). Following the initial
small-scale, mostly scientific, experiments with neutralisation, (e.g. Hultberg and
Andersson, 1982) a nation wide test programme was endorsed by governmental legislation
implying large-scale operational liming in a variety of lakesand streams using a multitude
of methods and strategies during 1977 to 1982 (Bengtsson et al., 1980).

Assessment of results of activities within the liming programme during the trial
period showed a generally very positive effect on fresh water biota (cf. Fiskeristyrelsen and
SNV, 1981; Eriksson et al., 1983). Consequently, a continuation was decided on by the
government (proposal 1981/82:151), starting with rather small fiscal funding during 1982
(SEK 20 millions). However, this programme became permanent and was expanded
successively up to an annual budget of SEK 185 millions, though for administrative reasons
activities varied somewhat and as an example, approached during 1995 SEK 200 million.
This year, a comprehensive scientific evaluation was published (Henrikson and Brodin,
1995) reviewing and summing up most of what was known about experimental and
operational liming; products, spreading methods, liming strategies, chemical and biological
effects and an economic cost benefit analysis.

Currently, the national liming programme has included some 7500 lakes, of which
approximately 6500 lakes are repeatedly treated, and another 11000 to 12000 km of
running waters (encompassing small brooks to large rivers). Based on these numbers it is
obvious that any substantial withdrawal of financing will imply a significant risk for
widespread reacidification of limed surface waters, unless precautions are taken.
Precautionary measures would include an intriguing process of selection of objects, and this
process, albeit politically decided, will cause distress among directly involved
authorities/organisations/owners and users. At the best, a more principal discussion of
objectives and results versus costs and the scientific trade off that is generated by this
uniquely large ecosystem redevelopment effort will also follow (cf. Henrikson and Brodin,
1995).

This review paper is the result of an effort to compile, describe and evaluate
existing knowledge about reacidification thereby creating a more scientific foundation for
discussions related to this issue. As there are few published reacidification studies, the most
significant findings based on the current understanding of ecosystem changes caused by
acidification and liming are described to widen perspectives. These observations relate to
more general physico-chemical and ecological processes and especially biological
interactions, whereby also significant parts of the “natural” variations within the treated
lakes and streams are encompassed. Then follows a short summary of observed effects in
the few reacidification studies performed to the present (Alenis ef al., 1991; Dickson et al.,
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1995, Edberg et al., 2001) and a presentation of probable developments. The next section
gives an estimate of the extent and the potential risks that a more extensive and
geographically distributed reacidification would pose to different surface water ecosystems.
Finally, a synthesis and recommendations follows.

SURFACE WATER ACIDITY

The history of air pollution/acidification dates back through the centuries (Cowling,
1982), though extensive surface water acidification caused by long-range transport of air
pollutants was first recognised during the first decades of the 20°th century. Losses of fish
populations were reported already before the 1920°s, and was attributed to acidity of the
water (cf. Overrein ef al., 1980 citing Dahl, 1921, 1927 and 1923; and Dannevig, 1959
claiming precipitation to be the source). During the 1960°s evidences arose indicating
acidification to be a regional problem in Scandinavia (Odén, 1968; Jensen and Snekvik,
1972; Almer, 1972). An outline of the issue was presented at the UN conference in
Stockholm 1972 and much research has during three decades focused on the air pollution
and acidification. Currently an imposing amount of knowledge of different issues related to
acidification has been produced; occurrence, causes, and effects, policies concerning source
related abatement strategies and targeted remedial actions, e.g. neutralisation of acidic
waters or as it is generally called: liming.

The extent of acidification of surface waters in Scandinavia has been revealed by a
number of synoptic surveys (Avergard, 1972; Wright et. al., 1977; cf. Johansson and
Nyberg, 1981; Henriksen et. al., 1988; Forsius et al., 1990). In Sweden, these surveys have
since 1985 been based on an appropriate statistical sampling procedure with lakes stratified
according to size. The surveys have been performed on a national scale with five years in
between (Bernes, 1986, 1991; Wilander ef al., 1998). The large number of Swedish lakes
impacted by acidification and the devastating damage imposed on the biota has placed the
acidification and possible countermeasures on the scientific and public agenda, also
reflected by the political actions taken.

Acidification effects in aquatic ecosystems

Through the decades, research has continuously disclosed a number of different
effects observed in surface water ecosystems, some specific and some of a more general
nature. Comprehensive early papers including chemical and biological status and
implicating changes during acidification are Hornstrom et al. (1973), Andersson et al.
(1975), Dickson et al. (1975), Overrein et al. (1980), Andersson and Olsson (1985). A
comprehensive overview was published in 1992 (NAPAP), and more specific summary
documents includes those of SWAP (cf. Mason, 1990) and the review/summary articles of
recent Swedish acidification research (cf. Fleischer et al., 1993). Thousands of publications
reporting on more specific topics related to acidification complement the overviews, and.
extend our knowledge of the acidification processes, how they may interact with other
environmental changes or management practises efc. Yet, there is more to know about
details of mechanisms, processes, and biological interactions. The biological interactions
may be equally important for the structure of acidified ecosystems as the acidification
damages per se, especially when important regulatory predators, like fish, decrease
significantly or eventually are locally extinguished (cf. e.g. Eriksson et al., 1980; Nilssen et
al., 1984; Stenson, 1985; Stenson et al., 1993). Acidification (and liming) could be viewed
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like drastic experimental changes and intensive whole lake ecosystems studies thus could
increase our understanding of the structural and functional responses of a variety of
ecosystems in forest lakes and streams.

Effects caused by pH, DOC, and Al-fractions.

Decreasing pH values (preceded by a decrease in ANC) is what generally is defined
as the more publicly known acidification. This decrease in pH per se occurs concomitant
with several other changes, why the exact cause for effects observed under natural
conditions may be more difficult to disclose. However, it is obvious that the most important
chemical factors with a direct influence comprise acidity (pH), aluminium concentration
and furthermore, parameters like Ca and organic carbon (DOC) with a potential to
counteract or modify the toxic effects caused especially by inorganic labile aluminium.

Low pH was early observed in laboratory tests to hamper the hatching of fish eggs
(Johansson et al., 1977; Runn et al, 1977) and has been implicated as causative for hatching
failure of crayfish roe in nature (cf. Appelberg, 1987), both processes triggering
reproductive impairments of populations. H™ may also be acutely toxic resulting in
disturbances of the ionregulation of the gills and in addition may cause blood acidosis
(Havas and Rosseland, 1995). Indirect effects of a lowered pH include successions in the
aquatic macrophyte vegetation due to changed availability of different carbon sources as
the water acidifies. Hence, the increases of Sphagnum spp. and Mougeotia sp. are due to
their adaptation for effective use of CO; as carbon source and, at the same time, being
tolerant to low pH and toxic aluminium give those species a competitive advantage in many
acidified clearwater lakes.

That increased H" activity should directly affect the biota may in general be of little
significance for acidified surface water systems as the acidification processes
concomitantly increase the concentration of labile inorganic aluminium i the water,
generally by increased leaching from the catchment soils. This aluminium fraction has a
large number of toxic effects to a wide biotic assembly of species, manifested both in
laboratory and during natural situations ( e.g. Driscoll et al., 1980; Muniz and Leivestad,
1980; Baker and Schofield, 1982; Brown, 1983; Hornstrom et al., 1984, Rosseland. and
Skogheim 1986; cf. Witters and Vanderborght, 1987; cf. Bergman and Mattice, 1990;
Witters et al., 1991; Rosseland ef al., 1992; Herrmann et. al. 1993; Rosseland and Staurnes,
1994; Havas and Rosseland, 1995; Hornstrom et al., 1995, Poléo et al. 1997). As described
by Havas and Rosseland (1995), the toxic effects of aluminium includes severe respiratory
and circulatory distress in its acute exposition phase. These effects are due to:

¢ interlamellar mucous clogging and voluminous precipitation of Al combined with
reduced membrane fluidity; ion- and osmoregulation disturbances as Al binding to
the gill surface cause decreased uptake and increased losses of Na” CI” and Ca®"

e significantly increased hematocrit as reduced blood plasma volume and swelling of
erythrocytes increases the viscosity.

The toxic mechanisms of aluminium are, despite a large number of studies, not very
well known, However, aluminium are bound on surfaces and inside epithelial cells where
potential sites for interaction exists as suggested by Exley et al. (1991). Reviews of the
important factors and regulatory mechanisms were presented by Rosseland and Staurnes
(1994) and by Havas and Rosseland (1995). Of importance for the natural situation, is the
fact that it is the inorganic monomeric Al-species which are toxic, though complexing
ligands of a wide variety of organic substances (DOC) generally result in a lower toxicity.
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A significant reaction occurs around pH 5 when hydroxy-species binding to and
polymerising on the gills, stimulate the mucous production resulting in clogging of the
interlamellar spaces and ultimately death by suffocation (cf. Grahn, 1980). Similar
mechanisms have been suggested for streams having high concentrations of iron and
manganese (cf. Andersson and Nyberg, 1984; cf. Herrmann et al. 1993, Nyberg et al.
1995).

Biological responses and interaction

Initially, descriptions of the biological changes observed to occur in acidified lakes
and streams naturally focused very much on population changes. Thereby, losses of
populations of sensitive species, especially fish, became a principal step to assess the extent
and number of different biota at risk for damages due to acidification, while structural and
functional aspects were largely neglected. Comprehensive studies of lake ecosystems
gradually increased the understanding of the importance of biological interactions for the
composition as observed in many acidic lakes. However, the most important triggering
mechanism is decreased abundance of fish populations caused by water chemical changes.

Grahn et al. (1974) launched the oligotrophication hypothesis, whereby the
occurrence of a large biomass of Sphagnum sp. and a felt-like structure holding filamentous
algae over vast bottoms should decrease the reflux of nutrients from the sediments and so
hamper the pelagic production. Decreased total phosphorus levels have been documented in
severely acidified lakes (Hultberg and Andersson, 1982; Hultberg, 1985a) and by synoptic
surveys (Almer et al., 1978), though, principally the effect may be caused by a decreased
leaching from the terrestrial parts of the catchment (Persson and Broberg, 1985; Jansson et
al., 1986). However, studies in acidified lakes have shown that some of the structural
changes, both in plankton communities and among the benthos, may lead to decreased
recirculation of phosphorus (Nyman, 1990; Andersson, 1985). The oligotrophication
hypothesis has been disputed on the basis of specific hydrochemical considerations and the
fact that the quantitative importance of the observed or implicated change is poorly known
in relation to overall phosphorus budgets (Olsson and Pettersson, 1993). Lakes in SW
Sweden vulnerable to acidification are in general oligotrophic and the catchment
characteristics rendering them sensitive imply a low input of phosphorus and base cations
(low ANC). In spite of this, a fairly rich and variable fauna and flora are adapted to these
conditions, the overall effect of acidification of these ecosystems being structural changes
and extensive depauperation of plankton and benthic communities. Most probably, these
changes are only marginally influenced by decreased nutrient status, although increased
phosphorus concentration, even under acidic conditions, may promote phytoplankton
production and biomass (Dillon et al., 1979, Yates and DeCosta, 1994).

Merely by removal of fish from circum-neutral lakes, Stenson et al. (1978) and
Eriksson ef al. (1980) observed several of the structural changes generally occurring in
acidified lakes, thereby pointing to the importance of biological interaction mechanisms,
especially for the composition of plankton communities in acidified lakes. Most likely, this
is due to a shift in predation pattern when the dominance of fish is replaced by a dominance
of invertebrate predators (Stenson, 1985; Stenson et al., 1993). Similar observations exist
from a series of Norwegian lakes where increasing acidification impact resulted in
decreasing importance of fish predation and a successive change of the biotic structure
(Nilssen et al., 1984). Invertebrates vulnerable to fish predation, but not to acidic water
conditions, like Chaoborus spp. (Stenson, 1981; Nyberg, 1984) and corixids e.g.
Gleenocorisa propinqua (Henrikson and Oscarson, 1981) have been observed to increase
and occupy new habitats (Oscarson, 1986). That a pelagic community dominated by these
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“new” invertebrate predators achieve the typical composition observed in many acidic lakes
have been experimentally verified (Nyman ef al., 1985).

Further changes in the acidified lakes include a reduction of species richness among
phytoplankton. In clearwater lakes, numbers are reduced from somewhere between 30 to 60
species often found in oligotrophic circum-neutral lakes to typically around or less than 10
species. Diatoms are much reduced and predominant forms include larger species of
dinophyceans and chrysophyceans, but despite changes standing biomass may be
comparatively large (Almer et al., 1978, Hultberg and Andersson, 1982; Lydén and Grahn,
1985; Larsson, 1988). Plankton production is generally low as a result of both low nutrient
levels, low productivity and low recirculation via grazing, the latter factors being structure
and species dependent. Among zooplankton the calanoid copepod Eudiaptomus gracilis is
dominant and small cladocerans like Bosmina longispina or B. coregoni occur abundant.
The large daphnids are missing in acidic SW Swedish clearwater lakes but are often found
in Finnish humus-rich lakes at low pH (Sarvala and Halsinhao, 1990) probably as a result
of alleviated aluminium toxicity. In Norwegian or northern Swedish lakes, the large
predatory copepod Heterocope saliens increase as fish predation is relieved but it may have
difficulties coexisting with Chaoborus (Nilssen, 1984; Nilssen et al., 1984). In contrast to
this, Heterocope appendiculata together with the most sensitive Daphnia longispina and D.
galeata mendotce seems to disappear from acidic lakes as they are vulnerable to acid
conditions per se (Almer et al., 1978; Nilssen, 1984; Nilssen et al., 1984; Keller et al.,
1990c¢). Typically, rather few rotifer species occur in the acidic clearwater lakes and
common species include Polyarthra remata, P. vulgaris, Kellicottia longispina, Keratella
serrulata and K. cochlearis (cf. Stenson ef al., 1993)

The composition among cladocerans, as among rotifer species, may also be
sensitive to the changes of food (algae or bacteria) occurring in conjunction with the
acidification (Stenson et al., 1993; Svensson et al., 1995). Thus, there are multitudes of
interactions overlaying basic toxic mechanisms that in every single lake can result in an
ecosystem more or less typical of an acid lake. However, resulting communities always
show certain peculiarities either due to a different initial structure in the unaffected lake or
caused by random changes occurring during the course of acidification.

The generally rather drastic changes occurring in acidified lake ecosystems also
comprise the communities dwelling more or less in or on the bottoms at different depths
(cf. Appelberg et al., 1993). Basically, there is a much larger change in the vegetation
(habitat structure) on the littoral areas when Sphagnum spp and elodeids such as Juncus
bulbosus and Utricularia sp. increase while some sensitive species like Potamogeton
natans or other pondweeds and Myriophyllum sp. disappear. Also deeper bottoms, down to
approximately 10 to 15 meters, may undergo substantial changes, as Sphagnum spp. invade
these areas (Hultberg and Grahn, 1975; Grahn, 1977; Hendrey and Vertucci, 1980;
Eriksson et al., 1983; Roelofs, 1983; Grahn 1985, 1986; Van Dam et al. 1988; Heitto,
1990; cf. Farmer, 1990). In the most acidified clear-water lakes, a felt-like structure expand
and concomitantly the isoétid community is suppressed (Grahn ef al. 1974; Hultberg and
Grahn, 1975; Lazarek, 1982; cf. Andersson, 1985; Andersson and Hultberg 1997).

Observed changes of the littoral fauna and benthos of lakes include; decrease or
ultimately extinction of sensitive species like gammarids, the crayfish (4stacus astacus),
several species of ephemeropterans, snails and small mussels (Spheriide), and a diversity
of species within other groups (e.g. Grahn et al. 1974; Borgstrom and Hendrey, 1976;
Widerholm and Eriksson, 1977; Mossberg and Nyberg, 1979; Johansson and Nyberg, 1981;
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Raddum, 1979; Raddum and Fjellheim, 1984; Okland and @kland, 1986; cf. Appelberg et
al., 1993). The water louse, Asellus aquaticus, has also been observed to decrease in the
most severely acidified lakes (e.g. Hasselrot ef al., 1984; Andersson, 1998), though this
species also occurs, sometimes rather abundant, even in acidic lakes (Alenis, 1986;
Henrikson, 1996). The water louse may initially be favoured by a decreased competition
from the superior, but more acid sensitive gammarids (Hargeby, 1990; Lingdell and
Engblom, 1990), as well as decreased fish predation.

Competitively dependent species shifts occur during acidification and may include
the changes observed among midges (Mossberg and Nyberg, 1979; cf. Appelberg et al.,
1993). For other changes in the midge community a decreased predation pressure
eventually in combination with changed food availability is suggested (Henrikson and
Oscarson, 1985, cf. Andersson and Hultberg, 1997). The release of fish predation enables a
more pelagic life of several species of hemipterans (e.g. Glenocorisa propinqua),
coleopterans and zygopterans (Oscarson, 1986; cf. Appelberg et al., 1993; Andersson,
1998). The odonate Leucorrhinia dubia, which is very susceptible to fish predation
(Henrikson, 1988), may be able to invade and expand in acidified lakes as it finds both
shelter and a rich food resource of small prey organisms within the Sphagnum plants.
(Henrikson, 1993).

The acidification of streams implies changes in the community structure, as in the
lakes, although the importance of biotic interactions is assumed to be less pronounced
compared to the regulation exerted by the changes in water chemistry (Herrmann et. al.,
1993). Periodic acid events constitute a major influence in many streams, and may cause
severe damage even in situations where general water chemistry is not acidic (Bjarnborg,
1983; cf. Andersson et al., 1984; Degerman et al., 1986; cf. Hasselrot et al., 1987,
Ahlstrom et al., 1994). These events have caused mortality both in fry and adult trout
(Leivestad and Muniz, 1976; Hultberg, 1977; Andersson and Nyberg, 1984) and freshly run
returning spawners of salmon (Skogheim, et al., 1984). Anadromous fish may be especially
vulnerable for physiological reasons, but also eggs of salmon and sea trout incubated in an
acid impacted river showed high mortality (Norrgren and Degerman, 1993). Episodic acid
events have been held responsible for decreasing abundance and disappearance from
headwater areas or eventually extinction of a large number of sensitive insect species in
northern or mountainous areas in Sweden (Engblom and Lingdell, 1984; Degerman et al.,
1992; Ahlstrom et al., 1994). The lotic habitats are more variable than still waters and
organisms sometimes display a notable tendency for downstream drifting as a response to
harsh situations, an adaptive escape behaviour that has been observed in connection to
acidification and increased discharge of streams (Herrmann, 1990; Hall, 1990). However,
as in lakes there are a number of organisms that benefit, at least in moderately affected
streams, from changes occurring during acidification. Thus there has been observed
increased proportion of shredding caddis larva in streams, either caused by increased food
availability due to more coarse detrital matter or a decreased predation by fish. In contrast,
scrapers, most of which are ephemeropterans, may suffer from decreased food availability
and quality as the composition of alge change (Herrmann et al., 1993).

Overall, much of the changes in littoral fauna and benthos as well as in the pelagic
communities of lakes are coupled to the decreased abundance, or ultimately, disappearance
of fishes as top predators. The resulting shortening of food chains means new patterns of
predator — prey relations inducing changes in structure and abundance for the different
trophic levels. For many groups of organisms the species diversity decrease, whereby also
competitive interactions might be decreased drastically and the structuring mainly being
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due to abiotic regulation (cf. Stenson et al., 1993; Appelberg et al., 1993). As in lakes, the
major effect of acidification to the stream biota includes losses of overall species diversity
and finally, a shortening of food chains. However, this general depauperation may not
influence or vice versa , be affected by interspecies interactions to the same extent as in
lake ecosystems.

Acidifying factors and processes

There has been discussion on the importance of different natural vs. anthropogenic
processes leading to acidification of soils and waters. This will certainly continue, so long it
is not explicitly understood that in different situations the major factor responsible for an
observed change may vary, and in many situations several factors may interact and add
cumulatively. Thus, in large areas of Europe and North America acid rain makes a large or
major contribution, often on top of naturally occurring processes as well as adding to
acidification caused by management. Current agreements to decrease emissions of acid
precursors will give a substantially decreased acid deposition, thereby in some situations
increasing importance of alternative acidification processes.

“Natural” processes
Effects of these natural acidification processes generally include responses very
similar as the ones seen in surface waters where the major factor currently is anthropogenic
acid rain. The natural processes include:

Land upheaval (oxidation of sulphide compounds in soils)

Acid sulphate of volcanic origin (deposited or degassed)

Deposition of sea-salt (and consecutive ion exchange)

Deposition of acid sulphate as part of global natural sulphur cycling

Ion exchange (leaching and long term accumulation in soil organic matter)

Oxidation of sulphide compounds in marine clays has resulted in some lakes
naturally achieving pH values of 3.5 to 4 (cf. Hindar and Lydersen, 1994), and sulphur
oxidation processes in volcanic areas may result in pH values even lower (cf. Satake et al.,
1995). Sometimes the observed oxidation includes human drainage management (cf.
Olofsson, 1930). Generally this type of severe natural acidification leads to fish death and
the general depauperation with reduced species diversity as observed in acid deposition
affected lakes (Hogbom, 1921; Ohle, 1936; Vallin, 1953). Furthermore, both Ohle (1936)
and Vallin (1953) noticed the occurrence of Sphagnum in the acidic lakes. However, these
lakes are to be found only within restricted areas, usually close to the coast and below the
highest post-glacial sea level.

Near-coast regions are also the areas where deposition of sea-salt is large enough to
cause significant episodic acidification effects by ion exchange, especially if catchment
soils are acidic (cf. Wiklander, 1975; cf. Wright et al., 1988; Hindar et al., 1995).
Regarding the occurrence of such events, Heath et al. (1992), Hindar et al. (1994) and
Harriman et al. (1995) have also stressed the importance of the general soil status and
prevalent acid deposition regime for the resultant water quality and the severity of episodes.

A number of different naturally occurring sulphur compounds form part of the

global sulphur cycle. Some of these sulphur compounds may be oxidised in the atmosphere
and subsequently washed out as acidic sulphate by precipitation. Estimates generally
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indicate that in northern acid rain areas the importance of these natural compounds should
be largely negligible (cf. Howarth et al., 1992).

Millenia-long natural acidification has been demonstrated by paleolimnological
studies (Renberg and Wallin, 1985; Renberg ef al., 1993) and also been modelled to include
decreased weathering rates for Lake Gardsjon during the postglacial period (Warfvinge et
al., 1995b). The sequence of diatom species indicates nutrient-rich alkaline post-glacial
conditions and a successive natural acidification (pH 5.5), a few thousand years ago
intercepted by the onset of a moderate alkalising through early human influences. Within
this long-term trend, notable species shifts occurred at a scale of centuries, which may
indicate random changes caused either by changes of the interaction patterns of the
ecosystem or watershed changes rather than significant pH changes per see. Towards the
current end of sedimentary records the comparatively very fast recent anthropogenic
acidification is manifested clearly (e.g. Renberg et al., 1990; cf. Battarbee et al., 1990). A
major factor in naturally occurring acidification is currently the leaching of substantial
amounts of organic acids (humic brown water) which sometimes results in comparatively
low pH values. This is an important process especially in the northern parts of Sweden,
where concurrently the anthropogenically derived acid deposition is comparatively lower.
Different approaches have been applied in order to discriminate between surface waters
being naturally acid and the acidification caused by acid deposition (Ahlstrom et al., 1994;
Warfvinge et al., 1995a; Bishop et al.,1998; Laudon, 2000). However, organic acids and
sulphate interacts in the soils (Gobran and Clegg, 1992), and a change in forestry practice
implying higher productivity and standing biomass has resulted in decreased leaching of
base cations, both processes that tend to complicate the assessment of natural acidification.
Again, the diatom records (Korsman, 1993, 1999) from northern Sweden lend support for
anthropogenic acidification being of minor importance to many acidic lakes in northern
regions.

Anthropogenic factors (acid rain and forest management)

The anthropogenic factors contributing to the acidification includes pollution by
different activities (acid rain, mining creating sulphide rich spoils) but also different land-
use practices including forestry management, agricultural practices and ditching i.e.
interventions changing hydrological regimes of soils and surface waters. In Sweden, acid
deposition and forestry management practices are the spatially important factors, though
locally and in other parts of the world especially open coal pit mining may be of
importance.

Acid rain, viz. the wet deposition of acidity, and its origin in anthropogenic air
pollution has been known for long, although the large-scale biological effects became
apparent first during the 1960ies (cf. Odén, 1968). Swedish emissions decreased
substantially during the 1970ies, and during the late 1980ies and throughout the 1990ies
there has been a continuous decrease also of European emissions (cf. Agren, 1993). The
decrease in sulphur deposition currently amounts to approximately 50 % compared to that
for 1980 over large areas in Sweden (Kindbom et al., 1993; Lovblad, et al., 1995) and will
reach around 70 % in year 2010. The decrease has been verified by observations in the
nation wide network for sampling of throughfall deposition (Hallgren-Larsson et al., 1997)
and a major part of this reduction is due to reduced levels of SO, in air resulting in less dry
deposition (Kindbom et al., 1994). In the future, there will still be surface waters where no
recovery occurs until further reductions are implemented (cf. Pleijel et al., 1999), and some
waters where no complete recovery will occur (cf. Moldan ef al., 1999). These will be
found especially in southern areas with a still significant deposition and in the most
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sensitive central and northern mountainous areas where nitrogen processes may be the
crucial factor. Experimental recovery studies and concurrent model simulations of systems
in southern Sweden indicate that recovery of soil base cation pools without any other
intervention may be prolonged for decades, or in case of the most sensitive systems for at
least a century (cf. Sverdrup et al., 1995, Moldan ef al., 1998).

Of the ordinary land-use practices, intensive forestry management is probably in
most situations the dominating acidification factor besides the acid deposition. The
importance varying from a contribution of more than 80 % in some central Swedish soils
with low deposition to a much smaller contribution (probably around one third) in
southwestern Sweden where deposition load is high (cf. Berdén et al., 1987; cf. Bernes,
1991; Nilsson, 1993; cf. Brodin 1995). With current knowledge it is difficult to estimate to
what extent this acidification (decreased cation leaching to surface waters) is transferred to
the surface waters, but it is assumed that it generally is a minor part (Nilsson, 1993; cf.
Brodin 1995). Changes in practice and intensities of forestry may have a profound effect
for the future acidification recovery of surface waters, as the deposition component
decrease. This is due to the soil pools of base cations being severely depleted as a combined
effect of deposition load and cation accumulation and biomass removal by concurrent
intensive forestry (cf. Bernes, 1991; Nilsson, 1993; Rosén 1991).

LIMING AS REMEDIAL MEASURE

From the beginning, it was more or less explicit that liming was an issue for
restoration of damaged fisheries, although gradually an understanding of the biological
dynamics of the whole ecosystem increased (cf. Fiskeristyrelsen and SNV, 1981; Hultberg
and Andersson, 1982; Sverdrup, 1985). By this, the need for specific liming strategies
related to the actual object became clear and concurrently also the need for a widened scope
of the liming interventions. Today, this can be summarised (Hindar, 1997) as follows:

“ A proper liming strategy is the combination of liming

techniques, doses, timing and placement that ensures optimal

biological effects at lowest possible cost”.
He further proposes that eventually occurring undesirable (negative) effects should be
minimised. As the structural damage of surface waters (species depauperation) due to
acidification increase with time and loading, the ameliorative measures should be applied
as early as possible whereby protection of the communities from the most profound
changes and hysteresis effects is achieved.

Surface water liming

Lakes

Early liming interventions often adapted a liming strategy with large doses,
anticipated to ensure a long-term duration (5 to 10 years), and spreading included
deposition of “stores” in near-shore hard bottom areas with wave action (Andersson, et al.,
1975; cf. Fiskeristyrelsen and SNV, 1981; Hultberg and Andersson, 1982; Wright, 1983).
From the beginning, it was understood that one crucial factor to observe in adaptation of a
strategy was that periodic acid events, resulting from high discharge of surficially layered
often very acidic and aluminium-rich water, should be avoided as far as possible. The
deposition of initially undissolved stores (e.g. Andersson, ef al., 1975) was one way to try
to counteract the occurrence and anticipated negative effects of such episodes. However, a
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couple of years after treatment, this “extra” dissolution potential was exhausted whereby
the acid events occurred anyhow (cf. Hultberg and Andersson, 1982; Hasselrot et al.,
1987). New strategies developed successively as the limings expended and difficulties were
encountered with treatment targets in the lakes: liming of wetland areas (Lindquist, 1974;
Hasselrot et al., 1984), installation of dosing equipment for streams. This development
became especially important when treatment started in larger river systems where the
different methods could be used in a more optimal way to enhance total dissolution in
different parts of larger catchments (cf. Sverdrup et al., 1985).

Lake liming creates a specific situation, and during the course of repeated liming,
e.g. in Lake Gérdsjon, the treatment has resulted in an extra deposition of CaCO3 and
precipitated metals, above all aluminium, to the sediments. The estimated output of
dissolved limestone for each treatment amounts to approximately 85 % leaving about 15 %
in the sediments. Also for aluminium a substantial part of the input is precipitated in the
lake (> 80 %). This means that following a number of applications during 17 years, there is
a lot of “extra” Ca and Al deposited in the lake sediments and both may dissolve and
diffuse back into the water phase when more acidic conditions occur during a
reacidification.

Wetlands

Wetland liming as a method has proven valuable but there is, as with all methods,
certain prerequisites and also drawbacks. The wetland areas used for liming usually include
different mire types from wet boggy areas and fens with discharge channels or small
brooklets to small discharge areas along streams or lake shores. Spreading in wetlands very
close to small brooklets resulted in acceptable water chemistry year-round and decreased
the concentration of toxic aluminium dramatically (Fiskeristyrelsen and SNV, 1981;
Andersson et al., 1982; Hasselrot et al., 1984). Today, in total several thousand hectares of
wetlands have been treated in Sweden and results are generally very acceptable in the
context of water chemistry (Abrahamsson, 1993a; Hindar et al., 1996). Cirmo and Driscoll
(1996) compared liming effects on two streams, principally wetland liming versus forest
soil liming, and demonstrated the relative effectiveness of the former method concerning
resultant water chemistry. However the spreading of limestone powder causes changes in
the flora, generally decreasing Sphagnum spp. and some other acidophilous species while
some other moss species increase as do the sedges (e.g. Aronsson, 1990; Bragg and Clymo,
1995; cf. Dickson and Brodin, 1995; Hindar et al., 1996). To counteract this, future doses
may be decreased as optimal results can be reached by more frequent spreading of
somewhat larger particle fractions or pellets (Abrahamsson, 1992, 1993a, 1993b; cf.
Dickson and Brodin, 1995). As for lakes, the continuous treatment results in large deposits
of precipitated aluminium and a large store of exchangeable calcium in the peat of treated
areas. Stores of precipitated aluminium are much more concentrated than in lakes since the
treated areas, where the precipitation occurs, are much smaller.

Streams

The use of different dosing techniques to apply often large quantities of limestone to
streams was a necessity for treatment of some of the larger rivers that were acidified in
Sweden and especially in the most acidified areas in southern Norway (Sverdrup, 1986;
Abrahamsen and Matzov, 1984; cf. Hindar 1997). Dosers should, in principle, be ideal for
neutralisation of streams where susceptible organisms occur preferentially in lower
stretches (Hindar and Henriksen, 1992) and basic strategies involving several large-
capacity dosers has been implemented e.g. in The River Hogvadsén (cf. Alenés et al.,
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1995). Although technical failures are inevitable, effects following malfunction may be
diminished by complementary lake or wetland limings. Locating the dosers at some
distance to sensitive target fish, such as Atlantic salmon or anadromous brown trout, will
provide further protection against the effect of mixing zone toxicity (Rosseland and Hindar,
1991; Rosseland et al., 1992). However, toxic mixing zones occur downstream from dosers
or may occur when an acidic tributary joins the main limed river channel. Thus, problems
are encountered with dosing as for other liming methods, and they demand a careful and
more frequent monitoring, which in some cases has been solved by automatic surveillance
and regulation.

The liming in streams sometimes cause deposits of limestone and these may
contribute to the neutralisation during equipment failure (Hindar, 1987). The aluminium
that is precipitated is supposedly transported further downstream and may in the case of
larger rivers ultimately reach the sea in lack of effective sedimentation basins (large lakes).
In such a situation, it should not constitute any significant problem in the context of
reacidification. However, in smaller streams intermittent sedimentation may occur in
stream channels and this could represent a risk for future redissolution during acid events.

Watershed liming

Liming on minerogenic agricultural soils or podzol soil in fresh forest sites was
tried from the very beginning of lake liming. However, results were not encouraging as the
general experiences indicated that leaching from these soils only amount to approximately
a few percent. This implies that either doses must be extremely large or the whole
catchment area must be treated (cf., Lessmark, 1987; cf. Wilander et al., 1995; cf. Driscoll
et al., 1996). In one study, terrestrial whole-area treatment with ordinary agricultural
limestone of 5 tonnes ha™' resulted in outflow approaching a few percent which was enough
to neutralise runoff for several years (Andersson et al., 1982), but a small wetland area
improved the overall result. Furthermore, this type of strategy may cause severe damage to
several species of the naturally occurring moss and lichen flora (Olsson, 1982).

Experiments in forests have shown a long lasting effect in the soil but with
successively decreasing leaching to surface water (Andersson and Persson, 1988).
Following treatment of one catchment at Lake Gérdsjon with dolomite, the neutraliser
progressively penetrated to deeper soil horizons (Hultberg, 1994) and leaching of Mg
increased significantly but comparatively less of Ca. More important, however, was a
significant decrease in aluminium leaching which resulted in a substantial overall ANC
increase, although positive values were not reached in runoff (Hultberg et al., 1995;
Nystrom et al., 1995). Similar observations, though with somewhat larger changes of
stream water pH and aluminium, were made in a Norwegian forest neutralisation
experiment (Hindar et. al., 1995). Also Nihlgérd et al. (1988) observed a small effect in
adjacent streams, and calculated the annual leaching to about 1 %. Contrasting this,
massive dosing (20 to 30 tonnes ha™') on peaty heath-land soils in Scotland resulted in
leaching of 5 to 10 %, enough for neutralisation of the runoff (Howells et al., 1992; Dalziel
et al., 1994). Furthermore, a long-term Norwegian study (Traaen et al., 1997) showed very
positive water chemical and biological effects following a dose of 3 tonnes ha™ to a
catchment with thin and peaty soils located in an area with moderate sulphur deposition.
Negative observations are temporarily increased leaching of nitrate and damage to crustose
lichens and Sphagnum spp (cf. Clymo et al., 1992; Skeffington and Lines, 1995). In a
review of effects following watershed liming, Smallidge ef al. (1993) focused on observed
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terrestrial structural and functional effects, which include both positive and negative
changes.

The use of this strategy has some very apparent benefits for the acidified surface waters
downstream. The increase of base saturation of soils probably results in more “normal”
responses and calcium leaching from the soil concurrent with a precipitation of aluminium
in the soil may be especially important. The effect supposedly is very long-term whereby
reacidification effectively is counteracted for long periods. The drawback of this method is
presently a significant negative effect on the terrestrial vegetation, although a refinement of
spreading methods, new products efc. may overcome this, at least partially.

LIMING EXPERIENCES

The feasibility of different liming methods and application strategies as well as the
constraints on them has been discussed in a multitude of papers (e.g. Fiskeristyrelsen and
SNV, 1981; Hultberg and Andersson, 1982, Wright, 1983; Hasselrot and Hultberg, 1984;
Lindmark, 1984; Lindstrom et al., 1984; Skogheim ef al., 1984; Alenis, 1986; Hasselrot et
al., 1987; Hindar, 1987; Hultberg and Nystrom, 1988; DePinto et al., 1989; Alenés et al.,
1991; Hindar and Henriksen, 1992; Lindmark, 1993; Weatherly et al., 1995; Driscoll et al.,
1996;). Important contributions to the development of liming strategies have been the work
by Sverdrup (1985) and recently, Hindar (1997) has summarised and reviewed liming for
surface waters. Furthermore, large long-term projects have adapted a continuos feedback of
practical experiences to adjust consecutive liming activities (e.g. Andersson, et al., 1984;
Alenés et al., 1995).

Liming activities include large-scale national programmes such as those in Sweden
or Norway (Bengtsson et al., 1980; Baalsrud, 1985; Nyberg and Thornelof, 1988) or more
restricted and temporary in the USA (cf. Kretzer and Colquhoun, 1984; Schreiber and
Rago, 1984; Brocksen, 1991). Comprehensive experimental limings include objects in
Canada (cf. Dillon et al., 1979; Keller et al., 1990a), USA (Porcella, 1989; Porcella et al.,
1995) or UK (Brown et al., 1988) and several of these have been long-term studies (cf.
Keller et al., 1990a; Porcella, 1989; Howells and Dalziel, 1992). Similar long-term
intensive ecosystem studies in Sweden and Norway (Andersson and Olsson, 1985;
Dickson, 1988; Hultberg and Andersson, 1982; Svensson ef al., 1995; Andersson and
Hultberg, 1997; Raddum et al., 1986; Traaen et al., 1997) have contributed much to the
understanding of ecosystem responses to liming. The ameliorative process starts from the
first neutralisation intervention but often proceeds for many years as biotic interactions
develop, resulting in recovery of the faunas anticipated to have occurred pre-acidification
(cf. Appelberg, 1995; Appelberg, et al., 1995). Three decades with liming of acidified
surface waters in Sweden has resulted in comprehensive reviews being compiled to
evaluate the large-scale programme run since 1976 (Fiskeristyrelsen and SNV, 1981;
Henrikson and Brodin, 1995), other assessments and reviews of more general interest are
Fraser and Britt, (1982), Olem, (1990), and Olem et al., (1991).

Duration of a treatement

Duration of a lake liming intervention was usually one of the explicit conditions
used in the planning process whereby a dose was calculated related to initial status,
hydraulic retention time, and acid loading for a projected duration. With ordinary
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limestone doses as suggested by the standard scheme, lakes with short retention times (< 1
year) displayed in general a duration of 2 to 3 years while in lakes with retention times of
several years expected duration would be in the order of 2 to 4 times the hydraulic retention
time (Dickson and Brodin, 1995; Wilander et al., 1995). A more precise approach to this
problem was reached by simulation models (Sverdrup et al., 1986; DePinto et al., 1989).
Currently, the duration is of minor importance as new strategies for lake liming imply
treatment with lower doses more frequently. This change of strategy results in a less
variable water chemistry with calcium and alkalinity concentrations closer to what is
anticipated as being pristine for the forest lake that is the typical liming object (cf. Dickson
and Brodin, 1995; cf. Wilander et al., 1995).

Physical effects

In connection to the limings, as they sometimes are performed, a substantial
turbidity results (cf. Bukaveckas and Driscoll, 1991a) especially when large amounts of
finely ground limestone ( usually as a slurry) are distributed at rates of hundred tonnes day™
or more. This is a temporary effect that can affect the plankton community as composition
of both phytoplankton (shading, acute depletion of carbon dioxide) and zooplankton
(interferes with filtration) may change. Spreading of limestone powder directly into stream
areas holding anadromous brown trout fry and fingerlings has occasionally created highly
turbid water affecting the fish.

In clear-water lakes, usually an increased watercolour has been observed while in
many highly coloured lakes the transparency increase. For Swedish lakes, there has in
general been an increase in colour (cf. Wilander et al., 1995). The transparency measured
by Secchi depth is also influenced by the amount and character of particles (light
dispersion) and the result is often decreased readings as liming usually results in larger
number of phytoplankton and bacterioplankton, usually also smaller species (Hultberg and
Andersson, 1982; Larsson, 1988; Bukaveckas and Driscoll, 1991a; Hornstrom et al., 1993).

The change in light attenuation connected to liming has been discussed in more
detail by Bukaveckas and Driscoll (1991b). The increased light attenuation resulted in a
significantly decreased epilimnetic water volume and a decrease in the hypolimnetic
heating rate. The overall effect of these changes was a substantial increased thermal
stability during the stratification following liming, though the importance for the lake
ecosystem is not clear.

Major chemical effects

The major, and expected, effects of a liming intervention are increased pH and
restored alkalinity concomitant with a most significant decrease of any toxic aluminium
species. The objectives being set with regard to some target level giving the acid stressed
biota or specific species acceptable living conditions in the treated water.

From sometimes rather illustrious results concerning pH and alkalinity during early
trials, the technique and developed strategies nowadays results in target levels usually being
reached both in lakes and streams (Wilander ef al., 1995). However, liming of streams is
difficult due to the large variation in discharge (span several orders of magnitude), and the
occurrence of episodic acid events, which may be hard to counteract during high discharge.
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The littoral areas of lakes are the most important habitats for many organisms and used as
spawning areas by fish, here surficially layered acidic waters usually constitute a potential
risk during late winter — spring (Hasselrot et al., 1987; Molot et al., 1990a; Gubala et al.,
1991; Abrahamsson, 1993b). Despite liming, sensitive fauna may be stressed or even killed
during severe cases of acidic events (Hultberg and Andersson, 1982; Henrikson, 1988;
Wilander et al., 1995), though examples of the opposite also exist (Gunn et al. (1990)
indicating that intensity, duration and exact chemical environment is important.

The high doses often used initially resulted in pH above 7, but more important, in
some situations very high unnatural alkalinity levels were reached, sometimes followed by
a substantial decrease before re-treatment (e.g. Hultberg and Andersson, 1982; Wilander et
al., 1995). Successively, adjusted lime doses have resulted in less variable concentrations
as shown both for specific lakes and for all limed Swedish lakes (Wilander et al., 1995), in
accordance with the objectives suggested by Hindar (1997). This should minimise risks for
development of undesirable atypical lake or stream communities by a preferential
promotion and selection for species adapted to richer and more alkaline environments,
though still, large doses may be necessary to protect valuable biota against acid events in
specific situations (Andersson, et al., 1984; Degerman et al., 1986; Ahlstrom et al., 1994).
Calcium concentrations reflect much the same picture, but as discussed by Wilander et al.
(1995), calcium concentrations are regulated by mere dilution and in areas with high acid
loading, lakes become comparatively “enriched” in calcium towards the end of a treatment
(cf. Andersson and Hultberg, 1997). This higher level of calcium may be important during
the initial reacidification phase as it counteracts aluminium toxicity.

The increase in lake pH following liming precipitates aluminium effectively (cf.
Wilander et al., 1995) and changes the relative proportions of different aluminium species,
which has been shown to occur in mixing zones (Wright and Skogheim, 1983; Rosseland et
al., 1992). However, Driscoll et al., (1989b) observed at very high pH, that precipitation of
aluminium was delayed as the aluminate ion was produced. It is the monomeric inorganic
aluminium fraction that is preferentially precipitated, while other fractions may be
unchanged and the change in total aluminium variable (Dickson, 1983; Wright and
Skogheim, 1983; Hasselrot ef al., 1984; Alenis et al., 1991). Also the amount of aluminium
in brooklets or soil/ground waters decrease substantially following wetland or soil liming
(Andersson ef al., 1982; Hultberg, et al., 1995; Traaen et al., 1997; Borg 1986, Borg et al.
1995).

In the oligotrophic lakes, usually being the once susceptible to acidification, general
nutrient levels may be important for the pelagic production and species composition (Dillon
et al., 1979). Many studies, both synoptic and long-term monitoring, indicate very low
concentrations of phosphorus and this seems coupled to decreased leaching from acidified
catchment soils (Persson and Broberg, 1985). Following liming, the lake responses
concerning phosphorus concentrations are variable (Broberg, 1987) despite the fact that
with the dissolving limestone a significant amount of phosphorus is introduced, and
furthermore, in some lakes a significant increase would be anticipated as senescent
vegetation (e.g. Sphagnum) and coarse detritus decompose during a short period. Elevated
total phosphorus concentration was observed only occasionally but such events may have
triggered the algal bloom that prevailed for several years in Lake Gardsjon (Broberg, 1988).
Hornstrom et al. (1993), summarising the responses to liming in several larger lakes in
southwestern Sweden, concluded that phosphorus increased while the overall indication
based on the Swedish data base is a decrease (Wilander et al., 1995). Generally, nitrogen
concentrations in surface waters showed similar variable responses in many lakes (Broberg,
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1987), whereas in southwestern Sweden increases were seen in several lakes (Hultberg and
Andersson, 1982; Hasselrot et al., 1984). In Lake Gardsjon (Broberg, 1988) and Lake
Tvérsjon (Hornstrom ef al. 1993) the nitrate “surplus” that is often found in acidified lakes
disappeared during the vegetation seasons following the lime treatments. Based on results
from the liming programme, changes in concentration of total nitrogen were generally
small and usually decreased concentrations were observed (Wilander et al., 1995).

Effects on metals

Since the concentration of trace metals in water usually is strongly dependent on
pH, a larger portion of free metal ions can be expected to occur at lower pH-values.
Elevated concentrations of Al, Mn, Zn, Cd and Pb have been found in acidified waters, in
very acidic waters this is also true for Fe. This condition would be expected to reverse upon
liming of water systems, with reduced metal concentrations as a consequence (Dickson
1980; Borg, 1983; Borg and Andersson, 1984).

Liming exclusively on the lake surface does not reduce the input of Al from the
surrounding catchment , but since increased pH in the lake favours complex binding, the
fraction bound to humic substances is increased and the free, toxic forms are reduced
(Wilander et al., 1995). In acidic clear water lakes, liming reduces the total concentration of
Al, whereas in humic waters the total concentration seems to remain relatively constant
while the toxic, monomeric fraction decreases due to complex formation. To permanently
lower the aluminium concentrations in affected lakes, the soil acidity has to be reduced.
Generally, the toxicity of aluminium is decreased after liming, due to increased
complexation and precipitation, but temporarily the toxicity can be substantial during
transition when changes between different forms occur which can create extremely toxic
environments, causing e.g. precipitation on fish gills (Dickson 1983, Wilander ef al., 1995).

In the ISELAW programme (Integrated Studies of the Effects of Liming in
Acidified Waters) the aluminium concentrations generally have been low in the limed
lakes; < 150 pg L™ of acid-soluble “total”) Al and <10 pg L' of labile inorganic Al during
the first six years (Persson ef al., 1997), with a few exceptions. The fraction of total
monomeric Al, which includes the labile inorganic and organic fractions was generally low,
with the highest concentrations found in humic waters. In one of the lakes, Gyslattasjon,
which has been studied in other projects since before the first liming (Borg et al., 1989;
Hakanson et al., 1990), acid-soluble Al concentrations showed very small changes after the
initial lake limings. However, following the later repeated liming of the wetlands, the acid-
soluble Al concentrations declined substantially.

The solubility of Fe and Mn is also largely controlled by pH and redox conditions.
In the mountain streams of Lofsdalen, Central Sweden, the wetland parts of the catchments
were limed which resulted in decreasing concentrations of Fe, Mn and Al. The lime
treatment also decreased the seasonal variations connected to the variable discharge, which
is indicated by much lower relative annual standard deviations after liming (Borg et al.,
1995). There was also a tendency for decreased concentrations of Fe and Mn after liming in
the Delsbo area in Hélsingland, but here it was a wide variation due to differences in runoff
regimes and concentrations of humic substances (Wilander et al., 1995).

Zn and Cd are relatively mobile elements and strongly dependent on pH in soil —
water systems. In regional lake surveys, encompassing different parts of Sweden, a strong
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negative correlation between pH and Zn has been found (Dickson, 1980; Borg, 1983). In
Lake Léngsjon in Tyresta National Park, southwest of Stockholm, Cd was measured in
water, sediment and biota after liming. After treatment and the resulting higher pH values,
the Cd concentration in water decreased but increased in the surficial sediment and
suspended particles. Cd concentration in perch liver and Chironomus larvae also decreased,
while an increase, lasting for about three years, was noted in Chaoborus larvae after the
first liming (Andersson and Borg, 1988). Similar findings were made in Lake Stensjon, in
the same lake system, were Cd in water and perch was studied. After liming, the Cd
concentration in small perch clearly decreased, and the concentration in the water phase
was reduced to one third. A comparison of Lake Stensjon and the non-limed Lake Arsjon,
in Tyresta National Park shows that the non-limed lake has Cd concentrations about four
times higher than the limed lake (Persson et al., 1997).

Pb is also to some extent affected by liming. Pb occurs more in complexed and
adsorbed forms than Cd and Zn, but a negative correlation between pH and Pb and lower
concentrations after wetland liming has been found in the Lofsdalen area (Wilander ef al.,
1995).

As a conclusion, the influence of liming on the metal concentrations is dependent on
the state before liming and the magnitude of the change; small changes in pH giving a
smaller effect (Wilander et al., 1995). However, the general conclusion is that liming
reduces the concentrations of most metals to levels similar to non-acidified natural levels.
Liming also reduces the often found large temporal variations in acidic waters, connected
to variations in discharge, especially if the catchments are limed.

Biological response patterns following liming

The ultimate objective behind surface water liming is to ensure a water chemistry
that enables anticipated pristine fauna and flora to be protected from acidification or to
recover from damage. However, this biological recovery is imaginary as the limed
ecosystem may sometimes differ significantly from the original system, and generally, the
composition of the pristine system is both ill defined and variable with time (cf. Brinck et
al., 1988; Henrikson and Brodin, 1995). Furthermore, the sequence of changes along the
route to “recovery”, be it either through liming or through decreased acid loading, may not
necessarily be the reversal of the acidification changes as hysteresis may be pronounced
(Dise et al., 1994; Henrikson and Brodin, 1995, Hindar, 1997).

Macrophytes

Among the most conspicuous effects following acidification of many Swedish
clear-water lakes are the vegetational changes with large amounts of Sphagnum, Mougeotia
and a felt-like structure with filamentous algae on the bottoms. The neutralising, especially
with spreading of limestone on littoral bottoms, directly kills Sphagnum and furthermore,
changes available carbon sources which apparently inhibits growth of filamentous algae in
the felt-like structure and the abundant Mougeotia. Within the first vegetation season,
sensitive bottom vegetation disintegrates and relocation of plant debris and accumulated
coarse detritus follows (Andersson et al., 1975; Hultberg and Andersson, 1982; Grahn and
Sangfors, 1988; cf. Larsson, 1995). Increased attenuation of PAR following liming and
increased grazing may have contributed to the observed rapid disintegration of the felt-like
structure (Larsson, 1995). Other, less obvious, changes included the species composition of
small epihytic alge in Lake Gardsjon (Lazarek, 1982), while changes observed in Bowland
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Lake, Canada, comprised substantial shifts in dominance as species or filamentous algal
communities responded differently (Jackson et al., 1990)

Recolonisation of shallow barren bottom areas by isoé€tids started at once in two
studiedlakes at the Swedish westcoast, and already after one year was more or less
complete (Grahn, unpubl.; Hultberg and Andersson, 1982). However, in Lake Gérdsjon
such recolonisation was not observed during almost one decade (Sangfors, 1991).
Furthermore, in Lake Gardsjon Utricularia intermedia decreased post-liming but
reappeared after four years and also Juncus bulbosus expanded following liming (Larsson,
1995), though this species generally is suggested to be favoured by the acidification
(Hultberg and Grahn, 1975, Nilssen, 1980; Roelofs, 1983; Sveding, 1990). However, that
the development in different lakes may be more complex is shown by the large increase of
J. bulbosus to nuisance levels registered in some limed lakes in southwestern Norway
(Roelofs, ef al., 1994; Brandrud and Roelofs, 1995). Other changes following liming,
include increases of the oligotrophic bicarbonate limited Myriophyllum alterniflorum
(Gronlund, 1987; Eriksson, 1988; Brandrud and Roelofs, 1995; Dickson et al., 1995).
Species of Potamogeton have also been observed to increase in limed lakes (Hultberg and
Andersson, 1982; Gronlund, 1987; Eriksson, 1988, Grahn and Sangfors, 1988; cf. Larsson,
1995). In one lake, Gronlund (1987) also observed an increase of Elodea canadensis, a
species usually occurring in more mesotrophic waters. There exists indication that liming
may increase the productivity of isoétids (Andersson and Hultberg, 1997), as shading from
large amounts ofepiphytes decrease. However, the general change occurring is a,
sometimes profound, decline of benthic primary production when Sphagnum and
filamentous alga decrease (Grahn and Sangfors, 1988) and generally isoétid production
does not change or even decrease. These changes may at least partially be compensated by
increased pelagic production, though this may be only temporary (cf. Larsson, 1995).

Phytoplankton

In conjunction with the liming, a temporary decrease of phytoplankton (biomass,
chlorophyll and diversity) has been observed (Hultberg and Andersson, 1982; Larsson,
1988; Bukaveckas, 1989), although a recovery occurs within months and often includes the
first “new” species. The changed water chemistry induces a succession, whereby a number
of new species invade and/or expand in the lake. Some immigrants becoming dominant or
subdominant concurrent with decreasing populations of several of the dominant species
occurring in the acidic lake (Hornstrom, 1979; Hultberg and Andersson, 1982; Hasselrot et
al., 1984; Hornstrom and Ekstrom, 1986; Larsson, 1988; Bukaveckas, 1989; Hornstrom et
al., 1993). The overall effect being a significant increase in species diversity, with some
species indicating better nutrient status or a higher pH (Hornstrom, 1981). However, as has
been pointed out in some studies, a few important species occurring pre-acidification may
not reappear for long periods or may not be able to establish viable populations (e.g.
Hultberg and Andersson, 1982; Renberg and Hultberg, 1992; Hornstrom et al., 1993).

Apart from a temporary reduction immediately concurrent with liming, the biomass
(chlorophyll) changes afterwards have been observed to vary (Hultberg and Andersson,
1982; Hornstrom and Ekstrom, 1986; Larsson, 1988; Bukaveckas, 1989; Hornstrom et al.,
1992, 1993; Andersson and Hultberg, 1997). Increased production was observed by
Larsson (1988) though this returned to basic level within some years, short-term increases
were also observed by Bukaveckas (1989) and Andersson and Hultberg (1997). At least
temporarily, increased nutrient availability may be the reason for higher production, but the
long-term effects on production may to a larger extent be dependent of external nutrient
supply, mainly from the catchment soils where the acidification causes decreased leaching.
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There exists some observations of dramatic increases of single species to reach
massive blooms following liming. Alenés (1986) and Larsson (1988) recorded for several
consecutive years the species Cosmocladium perissum (an unusual desmediacé) reaching
very high biomasses that effected hypolimnetic oxygen and increased light attenuation
drastically. In both cases, the blooming species disappeared more or less instantly and
general conditions returned quickly to a more normal state.

Zooplankton

Following liming, development within the zooplankton community in many lakes
has been a more puzzling story, as the importance of predator — prey relationships has
imposed a very variable development due to the status of the fish fauna (e.g. Stenson, 1972;
Henrikson et al., 1984; Nyberg 1984; Svensson et al., 1995; Nyberg, 1998). Contrary to
reactions within other trophic levels, in the most severely depauperated ecosystems of
acidified lakes, the observed changes of zooplankton species diversity has been moderate as
long as no fish is present (Henrikson et al., 1984; Nyberg, 1984). Similarly, at the other end
of acidification impact, liming as a protective measure in virtually unaffected lakes (no
significant species reduction) results in minor changes, again due to insignificant changes
among the fish (Alenis, 1986; Hornstrom et al., 1992; Hornstrom et al., 1993). In lakes
with altered fish populations, changes may be large and long lasting as predator — prey
relations develop successively and change again when new fish species establish
populations (Hornstrom et al., 1993; Svensson et al., 1995; cf. Degerman et al., 1995;
Appelberg, 1995;Nyberg, 1998).

Rotifer diversity and abundance was found to increase in limed lakes without fish
(Hultberg and Andersson, 1982; Hasselrot ef al., 1984), and occasionally single species
reached large biomass. Similar changes occurred in other highly acidified lakes in the
southwestern part of Sweden (Hornstrom et al., 1993). Generally, significant increases of
species diversity occurred (cf., Degerman ef al., 1995), and based on the time course for
reappearance of different species,they suggested that a more gradual spreading from
surrounding sources was more probable than hatching from dormant resting eggs.

A successive but rather complex pattern for occurrence of different cladoceran
species following liming is outlined by Degerman et al., (1995). Bosmina (often pre-liming
dominant) together with Diaphanosoma brachyurum develops large populations and
subsequently Ceriodaphnia quadrangula and Holopedium increase and finally one or
several Daphnia-species may establish populations. One example of this development may
be the succession observed in Lake Géardsjon, where the increased abundance of
invertebrate predators following liming (empty of fish) increased pre-liming reduction of
zooplankton hampering new immigrant species except Diaphanosoma which became
dominant for several years (Svensson et al., 1995). Introduction of fish enhanced these
species shifts and by the final establishment of Daphnia longispina, the competitively
inferior cladoceran species decreased, as did rotifers. Similar, long-term development
including the interactions with different invertebrate predators and different fish
populations in limed lakes has recently been described by Nyberg (1998). He also observed
a recolonisation of the large predatory species Leptodora kindti and Bythotrephes
longimanus in four lakes, while they still were absent in other lakes supposed to be
convenient habitats, the absence most probably being due to immigration failure.
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Pelagic invertebrates — “active fauna”

The organisms grouped as pelagic “active fauna” includes several invertebrate
predators playing an important role in the structuring of zooplankton communities in lakes
when fish populations decrease during the acidification (Oscarson, 1986; Stenson ef al.,
1993). They are generally insensitive to acidification and consequently also to liming per
se. However, the presence or absence of efficient predators such as fish essentially
determines the response following liming. In lakes empty of fish, numbers of Glaenocorisa
propinqua increased several fold following liming (Hultberg and Andersson unpubl.) and
approximately doubled in Lake Gardsjon (Henrikson and Oscarson, 1984) while even
larger increases were seen of Chaoborus spp., and the organisms displayed a spatial habitat
segregation. Also Nyberg (1984, 1998) observed increased abundance and biomass of
Chaoborus following liming, but populations were clearly susceptible to increased fish
predation. The observed increases should largely be dependent of increased food
availability and perhaps food quality (cf. Svensson et al., 1995), as new prey organisms
occurred (rotifers) or initially present species increased in abundance. In acidified lakes
holding fish, or if fish is introduced, the intensive recruitment usually following liming
very significantly increase the predation pressure on active fauna species. Responses may
be very fast, so within weeks or months populations of Glaenocorisa propinqua and
Chaoborus may be virtually exterminated (Hultberg and Andersson, 1982; Nyberg, 1984;
Svensson et al., 1995).

Benthos
Lakes:

Responses to liming of the multitude of organisms generally grouped as benthic
fauna are very variable and less quantitatively known compared with the more intensively
studied pelagic communities. For profoundly acidified lake ecosystems, the change
following liming includes large biomass changes as well as shift in species composition
(e.g. Hultberg and Andersson, 1982; Eriksson et al., 1983; Hasselrot et al., 1984). Details
for the different fauna groups such as e.g. the chironomids have only occasionally been
monitored though (cf. Degerman et al., 1995).

The acidification causes both extensive habitat changes (increase in Sphagnum and
the felt-like structure) and concurrently exerts a severe stress on many sensitive organisms.
Ultimately, the result is an acidic benthic community characterised by the lack of fish
predation and with new predator — prey interactions being stabilising factors for the systems
(Stenson et al., 1993; Appelberg et al., 1993). The liming of such an acidified system
changes the basic water chemical conditions, potentially enabling any remnants of sensitive
species populations to increase or alternatively recolonise. Responses at the population
level are subject to several processes that may be either inhibiting or enhancing for
different species as the liming may change almost any interaction and also influence both
habitat structure and food availability. Thus recolonisation will in some situations take time
(cf. Degerman et al., 1995), or in extreme cases be impossible for groups with upstream
dispersal restricted only to the watercourses where dams and waterfalls may constitute
migratory barriers.

Both biomass decreases and increases as well as shifts in species composition have
been observed within chironomids (Hultberg and Andersson, 1982; Hasselrot et al., 1984),
including species back shifts towards that which occurred before acidification (Degerman
et al., 1995). Changes for specific chironomid species were tabulated by Degerman et al.
(1995) and contrasting responses of the same species were observed in different lakes and
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probably included a multitude of interaction reactions i.e. variable fish and evertebrate
predation as well as habitat differences. Generally, large and fast increases in population
densities have been observed for shredders such as Asellus aquaticus and nymphs of
ephemeropterans (Hultberg and Andersson, 1982; Eriksson et al., 1983; cf. Andersson,
1985; Raddum ef al., 1986; Henrikson, 1996) and then again declining densities. This is
suggested to be caused by a high availability of suitable food accumulated during
acidification and the decline may follow due to food shortage, increase in predation or
competition. The liming increase survival of eggs or young specimens of 4. aquaticus
enhancing population recruitment (Andersson and Hultberg, 1997) and further increases of
A. aquaticus may also follow after dispersal internally in the lake to different depths
(Alenids, 1986; Andersson, 1998).

Several ephemeropterans and trichopterans have increased in many lakes following
liming, but this also includes some species like Leptophlebia spp. which belong among the
most acid tolerant. Also molluscs have been observed to increase, although for small
mussels this is probably due to expansions of scarce population surviving the acidic
conditions in especially favourable habitats (cf. Degerman et al., 1995). In general, these
communities have not attained a species composition identical to what would be anticipated
pristine even after many years, though they are significantly different from the communities
in acidified lakes (cf. Bergquist ef al., 1992). In some cases, species number have increased
quite substantially compared to the pre-liming situations, while in other cases, changes
were not observed or species numbers even have decreased (Appelberg and Aldén, 1992).

Streams:

Changes in running water are similar to lakes, i.e. both profound changes but also
more or less unchanged communities have been observed. Generally, the acidification has
caused large losses in severely affected localities, and therefore the increases in species
diversity following liming sometimes were substantial (Degerman et al. 1995). The
treatment period has been observed to have a clear effect with significant changes occurring
only after five years, indicating presumably both slow recolonisation and/or a combination
with a progressively increasing chemical stability as liming is continued (Bergquist et al.,
1992). Limed streams where no significant changes have been recorded (e.g. Medin ef al.,
1993) were supposed to depend on colonisation difficulties or the occurrence of episodic
acid events. The densities of several species have initially increased an this has sometimes
been followed by declines. These changes as well as other changes indicating species
turnover (Lingdell, 1997, unpubl.) points to the necessity of carefully evaluating changes at
the species level. Herrmann and Svensson (1995) found no significant changes between
pre- and post-liming communities in a number of limed south Swedish streams. However,
as in lakes there are examples of very sensitive species occurring following liming, thus
indicating a clear change. Such a species is Gammarus pulex, which has been recorded to
recolonise following liming (Lingdell and Engblom, 1992), though this is a slow process
(upstream) for this species living all-time all-stadia in the water.

Fish

Development of fish faunas following liming is in principle very positive. An
adequate and successful liming detoxifies the water and, as surviving fish spawn, the
dramatically increased survival of young results in population recruitment whereby both
production and stocks increase (Bengtsson et al., 1980; Eriksson et al., 1983; Lindstrom et
al., 1984; Degerman and Nyberg, 1989; Degerman et al., 1992, 1995). However, this
general picture may have many peculiarities dependent of the fish fauna left during the
acidification or the course of recolonisation. In the extreme case, not even the most acid
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tolerant species survived, hence there will be no change until recolonisation occur or if this
is inhibited, until new species are restocked (cf. Andersson and Hultberg, 1982). Usually
perch (Perca fluviatilis) or perch and pike (Esox lucius) have survived in more moderately
acidified lakes and the recruitment means a large increase in density of the perch
population. Increased density, progressively increasing intra-specific competition, leads to
a decreased growth following liming, especially for the usually large newly recruited year-
classes. In contrast, the old predatory fish (or other predatory species) may increase their
growth temporary as prey availability increase (Alends, 1986; Nyberg ef al., 1986;
Degerman and Nyberg, 1989). The decline in growth of perch may be even more
pronounced as acid sensitive but efficient competitors like roach (Rutilus rutilus) or
vendace (Coregonus albula) recolonise (Alenés, 1986; Appelberg et al., 1990; Appelberg
and Degerman, 1991). The development may proceed for many years (decades), although
changes of species diversity have been comparatively small, as there are few species
usually occurring in the oligotrophic ecosystems considered for liming (cf. Appelberg,
1995). Sometimes, initial changes may include undesirable extensive increases of
“opportunistic” species like perch or in streams Alpine bullhead (Cottus peecilopus) that
may be dominant for long periods until the more competitive species, originally being
dominant, recolonise successfully following the liming.

The occurrence of episodic acid events in limed streams constitutes one of the real
challenges for restoration of fish populations, especially in areas where acidic snow is
accumulated during winter periods. Atlantic salmon (Sa/mo salar) smolts have proved to be
extremely sensitive and proposed target water chemistry is pH >6.4 and inorganic labile Al
<20 pg L (Kroglund and Staurnes, 1997). Despite long-term liming treatment, difficulties
in confining these limits may have contributed to the observed decrease of Atlantic salmon
parr and successive decrease of returning spawners in River Atran (cf. Alenis et al., 1995),
though causal factors may also include the observed infection with Gyrodactylus salaris.
Similar consequences for fish populations have been observed in Norwegian lakes, where
Barlaup et al.(1998), found restricted recruitment of brown trout (Sa/mo trutta) to be
caused by surficially layered acidic aluminium-rich water. There also exists observations of
decreased growth rate and condition (Fulton’s index) of brown trout due to stress by
increasing acidity (Hultberg and Andersson, 1982; Alenés et al., 1991; Barlaup et al.,1994).
The decreased growth may also partially be dependent of a change in brown trout
behaviour as they usually become more stationary (in most favourable areas), resulting in
decreased catchability both by netting and angling.

REACIDIFICATION

Reacidification, as defined in this paper, is principally a decrease in ANC leading to
increased acidity and the cause is an intentional halting (temporary or permanent) of further
liming of any surface water lake or stream.

So far, the practical experiences of reacidification effects are very limited, as only a
few experimental studies have been performed. The results of these studies include
significant negative changes of water chemistry and partially drastic changes of lake biota,
in short time developing patterns typical for acidified ecosystems (Alenés et al., 1991;
Dickson ef al., 1995; Andersson and Hultberg 1997; Edberg et al., 2001). Similarly,
releases of metals, e.g. Al, Cd, and Zn, from sediment cores has also been demonstrated in
laboratory experiments with successively reduced pH of the water column (Eriksson, 1998;
Willstedt, 1998; Willstedt and Borg 2002).
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Termination of liming in a lake treated for many years to resist acidic loading, consequently
leads to reacidification in a rate primarily depending on the water turnover time, but also on
the lime treatment method. Principally this change could be anticipated as being similar to
the original acidification, however, the reacidification will be characterised by much faster
changes as current acid loading still is high, and catchment neutralisation capacity
(weathering and ion exchange mechanisms) have been largely exhausted.

Observations of reacidification effects

At present, only a few studies of reacidification effects have been performed, most
of them in Sweden. Some lakes in southwestern Sweden have been studied, e.g. Lake
Lysevatten (Alenis ef al., 1991; Andersson and Hultberg, 1997) and Lakes Vammsjdarna
(Abrahamsson 1997) both in the province of Bohuslén and Lake Ravekérrs Langevatten
close to Gothenburg (Dickson et al., 1995). Currently Lake Trehdrningen and Lake
Langsjon in the Tyresta National Park south of Stockholm (Edberg ez al., 2001) and a
previously limed river in the province of Hérjedalen are studied by SEPA. Furthermore, the
treatment of Lake Hovvatn in Norway (Raddum et al., 1986), and some lakes in North
America (cf. Porcella., 1989; Keller ef al., 1990a) were performed such that reacidification
followed successively after an initial treatment. Although, the reacidification came after a
much shorter duration of the limed period than in the above mentioned Swedish cases,
these latter cases will contribute some knowledge about possible ecosystem responses.

The case studies are all experimental research studies with an ecosystem approach
and they embrace different lake types. However, all lakes being sensitive and located in
areas subject to high or moderate acid loading implying that, to the extent the responses
relate to rate and final status, the observations may represent a worst case scenario. The
liming applications differ between lakes, though generally doses were of the order 20 to 35
g m™, and only in Lake Révekirrs Langevatten and Lake Trehdrningen the treatment was
repeated for longer periods. In the other lakes, single dose treatment with variable duration
occurred (Dickson et al., 1995; Hultberg and Andersson, 1982; Keller ef al., 1992; cf.
Porcella, 1989; Wright, 1983). The catchments of the limed rivers in Hirjedalen were
treated by wetland limings applied by helicopter. The doses were 200 - 500 kg ha™
catchment and started in 1983 - 1985 (Borg et al., 1995).

General Water chemistry

After terminated liming the pH of the water in Lake Révekéarrs Langevatten
decreased rapidly from around 6.5 to 4.5 in two years. The pH of the surficial sediment was
during the first year following terminated liming higher than in the water column. After
another three years, the buffering capacity of the sediment had decreased and the pH was
5.3, the same level as in the near-bottom water. The concentration of phosphorus decreased
from 15 to 10 pg L™ as an average. The nitrate consumption, which during the limed period
caused summer concentrations of nitrate to be around 10 pg L™, decreased and the summer
concentration during reacidification was 20 - 110 pg L™, in spite of the relatively high
phosphorus concentration (Dickson et al. 1995).

The heavy, single lime dose spread in Lake Lysevatten resulted in pH>7 and
alkalinity levels close to 0.2 meq L™ which persisted for a couple of years when dissolution
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from bottom stores compensated for acidic input. Starting from 1977, the alkalinity and pH
decreased and by the end of 1980 the alkalinity became zero. Concurrently, the acidity
increased progressively to reach a pH of around or below 5 during 1983, a time period
equivalent with approximately 4 water renewals (2.5 years) following liming. Notable acid
events were observed in the surface water 1979 and in the bottom water 1981 (cf. Hasselrot
et al., 1987). The calcium concentration decreased in a similar way, though pre-liming
levels were not reached until 1985/86. Other major ions (except Mg) were not much
influenced by the liming — reacidification development. Phosphorus and nitrogen tended to
increase directly after liming, then phosphorus decreased with a temporary increase only
during 1984/85 (as did several other ions) while total nitrogen stayed at a somewhat higher
level post-liming. Following liming, nitrate increased and reached 200 to 350 pg L™ around
1980, despite concurrent increase of summer consumption, then followed decline almost to
pre-liming values during the reacidification. High consumption rates were observed both
before and after a renewed liming in 1986.

As a result of the terminated liming in Lake Trehorningen, pH decreased
significantly from annual median 7.1 in 1991 to 6.1 in 1999. Alkalinity and Ca
concentrations also decreased significantly from annual median 0.42 meq L™ in 1991 to
0.03 meq L in 1999 and 0.62 meq L™ to 0.15 meq L™, respectively. The levels of TOC
and colour remained relatively constant (Edberg er al., 2001).

In the catchment in Hérjedalen, a fast pH decrease was registered in the runoff
water. The first spring flood after the termination of the wetland liming caused pH values
of around 5.0. In the reference stream, still treated by wetland liming of the catchment the
pH remained around 6.5 (ITM, unpublished data).

At Lake Hovvatn in Norway, the partial single time liming in 1981 caused only
short-term responses for approximately 2 to 4 years, with the most significant effect being
the prolongation of increased calcium concentrations (Raddum et al., 1986). Other
parameters such as, pH, nutrient concentrations and total organic carbon showed a clear
treatment response for a time period approximately equivalent with two water renewals (1.6
years), then reacidification was rapidly approaching completion. However, Ca, pH and
ANC remained somewhat higher and Al lower than pre-liming for several years. Despite a
more marked response (larger dose), the development was similar in Pollen, a small
upstream tarn, though reacidification was slower, prolonged during 5 to 6 years, with
summer pH-values above 6 occurring for four years.

Hydraulic residence times well below one year caused much of the liming response
to reverse within one to one and half year in Cranberry Pond and Woods Lake respektively
(Driscoll et al., 1989a). ANC, reaching high levels of ca. 0.4 meq L' immediately
following liming of Woods Lake, returned almost to pre-liming values within 16 month
when lime treatment was repeated.

The liming in Bowland Lake resulted in a pH increase from 4.9 to 6.7, and it was
effective for approximately 4 years (a little more than 1 theoretical retention time) until the
moderate added alkalinity was lost and reacidification became significant (Molot et al.,
1990a; Keller et al., 1992).
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Metals

During the reacidification period the concentrations of Al, Cd and Zn in the water of
Lake Rdvekérrs Langevatten became very high. Al increased from values around 100 to
200 - 500 pg L with the highest concentrations during winter, Cd increased from 0.05 pg
L't00.2-0.3 pg L and Zn from 10 to 30 - 40 pg L. During the limed period the metal
concentrations in the sediment were high and three years after the liming stopped, the same
or somewhat lower concentrations were measured. However, high levels of Zn and Cd
were found in the near bottom water layers, which may indicate a release of metals from
the sediment (Dickson et al., 1995).

No pre-liming or immediate post-liming measurements of aluminium
concentrations exists from Lake Lysevatten, though up to 1980 the liming probably resulted
in significant decrease of the high concentrations observed in small input streams (cf.
Hultberg and Andersson, 1982) and the situation might have been approximately analogous
to the observations in the nearby Lake Gérdsjon (Nilsson, 1985). Early during
reacidification, high concentrations of total aluminium were observed (50 to occasionally
200 pg L") and these tended to increase somewhat towards the end of the reacidification
period (annual values 100 to 200 pug L) with highest concentrations generally recorded
during the spring. During the late reacidification phase, the inorganic labile fraction became
dominant in the lake water, and in December 1985, labile inorganic aluminium was 130 pg
L™ in epilimnetic water but 220 pg L in hypolimnetic water at pH 5.0 and this was
suggested to indicate re-dissolution from the sediment (Andersson and Hultberg, 1997).

The levels of total Al, Mn and Cd increased significantly, especially after 1995
when the annual median pH reached 6.0 in the Lake Trehorningen. Zn, Cd and labile Al
reached their peak values during 1998 when also the lowest annual median pH was
recorded. The levels of Cu and Pb did not change significantly during the period. No
increase in the metal concentrations the reference lakes (a continuously limed lake and a
nonlimed lake) occurred during the period (Edberg er al., 2001).

The river water of the previously limed catchment in Hérjedalen, showed an
increased portion of labile inorganic Al, simultaneously with the decreased pH. Labile
inorganic Al concentrations in the stream were approximately five times higher compared
to the reference stream about one year after the last lime treatment (ITM, unpublished
data).

The neutralisation in Lake Hovvatn and Pollen caused a substantial decrease in
concentrations of total aluminium, which were approximately halved and stayed so for
three years. However, already during the second winter, concentrations increased
temporary and in the third spring an episodic event was recorded in Pollen, with
concentrations far outranging pre-liming values. Except for a 50 % decrease of manganese,
reactions of other trace metals to liming were none (Wright, 1983). As reacidification
proceeded levels of aluminium slowly increased and in Lake Hovvatn reached about 100
ug L as labile Al in 1984 (Barlaup et al., 1994).

In Woods Lake and Cranberry Pond aluminium concentration slowly increased

following liming, from values between 2 to 5 pmol L™, lowest for labile monomeric
aluminium. Contrasting very low levels in the water mass of Woods Lake, significantly
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increased (>12 pmol L) labile monomeric aluminium concentrations were observed
superficially layered already during the first winter, and concentrations of all forms
increased successively as reacidification proceeded. The lime treatment decreased
concentrations of Mn and Zn in Woods Lake significantly and this effect sustained with
little change during reacidification until renewed liming (16 month later).

In Bowland Lake, the liming reduced concentrations of aluminium and manganese
of lake water substantially, and these levels only slowly started to increase during
reacidification, while heavy metals generally were below detection limits and no response
was observed (Molot ef al., 1990a). Following liming, the observed episodic acid events
introduced toxic levels of aluminium, though this layered inflow water generally was
restricted to a very shallow zone and probably without noticeable biotic effects, in contrast
to the observed pre-liming whole lake influence.

In an experimental study, sediment cores from eight different limed and unlimed
lakes were incubated in the laboratory and experimentally acidified successively down to
pH 4.2. The concentrations of most elements increased substantially in the overlying water
columns, with Zn, Cd and Mn being the most mobile metals, followed by Al and Pb. The
inorganic monomeric fraction of Al increased relatively as the pH decreased. The highest
concentrations of metals (Cd, Zn, Mn and Al) were generally reached in the cores with
sediments originating from limed lakes. No increase of metal concentrations was registered
in untreated reference cores. Changes of sediment pH and redoxpotential in the acid treated
cores indicated that 1 - 2 cm of the uppermost sediment layers was influenced by the
treatment. An estimation of the annually released amounts of Zn and Cd from the
sediments, extrapolated to a typical forest lake catchment, indicated that it might be of the
same order as the runoff from an acidified catchment, and larger than the direct deposition
from the air. (Willstedt, 1998; Willstedt and Borg 2002). In a similar experiment, the
overlying water of sediment cores from Lake Gérdsjon, SW Sweden, were experimentally
acidified to pH 4.5. A fast release of base cations and Al from the sediments was registered,
and a slower release of Zn and Mn. It was concluded that the topmost centimetre was active
in the cation exchange. The net amount of Al released was small but high concentrations
may still be reached in the water column. In the actual experiment the concentrations in the
water were doubled. Depending on the thickness of the active layer and the store of
exchangeable Al, considerable release of Al from the sediments might occur in the
perspective of years (Eriksson, 1998).

In a laboratory experiment with homogenised sediments Fimreite et al. (1996)
found remobilisation from sediments to be a significant contributing factor for Cd in water.
In an experiment with sediment — water slurrys at different pH, Gambrell et al., (1991)
found that a change from near neutral, reduced conditions to moderately acidic, oxidising
conditions would cause a large release of Zn and Cd from the sediments. In a similar
experiment, Arafat and Nriagu (1986) observed that a large percentage of pollutant metals
(Cu, Ni, Zn, Cd and Fe) in sediments are mobile. From a laboratory experiment with
acidification of visually undisturbed sediment cores Andersson and Gahnstrom (1985)
pointed out the importance of sediments in regulating metal concentrations in overlying
water and suggest that sediments can act as a potential source of heavy metals in acidic
lakes. Matschullat and Wyrobek (1993) found that metals remobilise when reacidification
occurs, but suggest that the absolute amount of metals being released via remobilisation
from sediments would be relatively small compared to the amount transported into the lake
via acidified tributaries.
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Biological effects

Plankton

The number of species of phytoplankton decreased drastically during the
reacidification of Lake Ravekérrs Langevatten, from 40 - 50 to only seven, with a strong
dominance of the acidophilic Dinobryon pediforme. A marked decrease in the number of
species occurred when pH was reduced to just below 5.8. Similarly, zooplankton showed a
reduced number of species but some less sensitive species increased relatively. During the
limed period, rotifers where abundant, while the reacidification completely eliminated four
species and caused a dominance of Keratella cochlearis. Among the crustaceans, Cyclops
decreased while Diaphanosoma brachyurum and Eudiaptomus gracilis increased relatively.

Following a very positive development in Lake Lysevatten with increased diversity
and biomass during a couple of years post-liming, changes became apparent around
1979/80 in the phytoplankton community (Hultberg and Andersson, 1982). The alga
Peridinium inconspicuum returned as an abundant species and for several years, low
number of species was observed at each sampling and also small biomasses. Species that
occurred following the liming such as Kephyrion- and more demanding Dinobryon-species
disappeared without being replaced by more enduring taxa. Andersson and Hultberg (1997)
found towards the end of reacidification, coincident with the increase in mean annual
phosphorus levels, increasing number of phytoplankton species (new chlorophycéans and
also increasing biomasses (mainly due to abundance of P. inconspicuum). A positive rotifer
species response following liming, including e.g. Conochilus unicornis and Asplanchna-
species, changed during reacidification when species became less abundant and finally
disappeared. During reacidification, occasionally occurring daphnids again disappeared
while Diaphanosoma brachyurum increased. Rotifers like Keratella spp increased
significantly during late reacidification but the decrease following renewed liming
(contrary to the first liming), may indicate importance of interactive patterns in similarity
with the response of Diaphanosoma. The zooplankton community was depauperated as
fewer species (15 - 20) were encountered than pre-liming and especially sharply contrasting
the high abundances and increased number of species (20 - 35) post-liming (Andersson and
Hultberg, 1997)

After the ceased liming activity in Lake Trehorningen, the number of
phytoplankton taxa varied between 30 and 61, with maxima in 1993 - 1994, and later, when
pH decreased substantially, only 30 - 36 taxa were recorded. Several documented acid-
sensitive species e.g. Scenedesmus spp (Hornstrom, 1999), were missing in Lake
Trehdrningen, while they still occurred in the repeatedly limed reference lake. In the acidic,
nonlimed reference lake, the number of taxa was not markedly changed.

The liming in Lake Hovvatn included presumably only minor changes in
phytoplankton, however, in lack of pre-liming data and regarding the observed interannual
changes in the unlimed Lake Lille Hovvatn, these observations were inconclusive, as would
be any change relating to the proceeding reacidification. In relation to the mean biomass of
~0.1 g m™, the annual production rate in both the acidic and the limed lakes, 20 to 25 g C
m~y", was high during 1982. In contrast, cladoceran species (Diaphanosoma brachyurum
and Holopedium gibberum) increased significantly as did rotifers, the latter group reached
population levels tenfold higher during 1983 following liming (Raddum et al., 1986).
Throughout the study period, the acid tolerant copepods Heterocope saliens and
Eudiaptomus gracilis (like in Lake Lysevatten) were abundant. The further development
during reacidification is unknown but the re-stocking with brown trout probably meant
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changed interactions and re-structuring of the plankton community, in spite of a
comparatively low fish density during this period.

The plankton community in Cranberry Pond and Woods lake responded strongly
and mostly negatively to the conditions created by the heavy lime treatment. On a more
long-term time perspective, changes included increased number of new phytoplankton
species mostly belonging to chlorophytes and chrysophytes (Bukaveckas, 1989). Among
zooplankton, the most significant change was the decrease of the acid tolerant rotifer
Keratella taurocephala and minor expansion of a few other species, while Dapnia catawba
again decreased during early reacidification (Schaffner, 1989). However, the possibility for
changed interaction patterns as fish was introduced may make conclusions about causes for
observed biological effects of a very short reacidification period dubious.

Following liming of the Canadian Bowland Lake, a few changes of species
composition was obvious but changes of biomass and chlorophyll a was insignificant, as
was any early signs of reversal due to reacidification (Molot ef al., 1990b). Contrasting this
was a substantial increase in species diversity and biomass of zooplankton and
simultaneously was decreased abundance observed among typical acid tolerant species
(Keller et al., 1992). New species occurred and became important for several years after
liming but during early reacidification (pH around 5.5), much of this positive development
was reversed, when again acid tolerant species regained higher population abundances
while some sensitive species decreased. However, interfering with this simple response was
also a temporal pattern apparently linked to biological interactions, including predation by
fish and Chaoborus.

Macrophytes

In Lake Révekérrs Langevatten, drastic effects on macrophytes where registered, as
the earlier very abundant Myriophyllum alterniflorum decreased and disappeared
completely after three years of reacidification. After four years of wetland liming,
Myriophyllum had not returned. Also Elodea canadensis and Potamogeton natans
disappeared during reacidification, while the more acid tolerant red alga Batrachospermum
increased (Dickson et al., 1995).

In Lake Lysevatten, the response of the macrophyte vegetation and especially
growth of filamentous alge was most remarkable and it comprised several unexpected
components. The liming killed all Sphagnum sp. occurring on littoral bottoms, concomitant
with disappearance of Mougeotia from the shore zones. Furthermore, recolonisation of
isoétids and Potamogeton natans were observed and the latter species progressively
increased in one single dense stand. On some profundal bottoms Sphagnum survived but
growth rate was substantially reduced (Hultberg and Andersson, 1982). Following the
intensive acid event in 1979 a reversal started; growth rate of Sphagnum increased and
increasing Mougeotia abundance occurred at the shoreline. Thereafter, development was
fast and by 1982 the abundance of Mougeotia had reached nuisance levels. Growth pattern
gradually changed from long slicky typical epiphytic/epilithic to a bottom located
(metaphytic) more tussock-like compressed appearance, which in 1984 occurred in large
amounts on bottoms down to 4 - 6 m around the lake. During this year also the
Potamogeton natans stand finally disappeared following a successive decline for several
years, and the first occurrence of Sphagnum on littoral bottoms was detected through
surveys. In 1986, the biomass of Mougeotia reached 6.6 g C m™ as lake average and
maximum biomass in small sample areas was around 150 g D.W. m™ totalling almost 6000
kg D.W in the lake. Sphagnum increased fast during the late reacidification when annual
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growth rates were similar to rates found in acidic non-limed lakes, though the total biomass
of ~200 kg D.W. was far from what was originally found pre-liming: several thousand kg
D.W. during 1973, similar to findings in the nearby Lake Géardsjon (Grahn, 1985). Shading
due to the extensive growth of Mougeotia may have been responsible for the lower isoétid
production experimentally observed in 1986 as compared to 1987, following renewed
liming which caused a drastic decrease of Mougeotia (Andersson and Hultberg, 1997).

Changes following liming in Woods Lake include a decrease of extensive beds of
the macrophyte Utricularia purpurea, and nothing further is said about its development
(Bukaveckas, 1988). However, reversal of changes following a short-term and partially
weak reacidification would rather have involved other fast responding components of the
ecosystem (like e.g. filamentous algae).

Jackson et al. (1990) reports on changes among filamentous algae and macrophytes
in conjunction with liming and early reacidification in Bowland Lake. Structurally distinct
communities of epilithic, epiphytic, and metaphytic algae occurred in the acidic lake before
treatment. All these communities were dominated by green algae. A waterline epilithic
community was dominated by Mougeotia and the species still occurred following liming
though coverage was much reduced and Zygnema became dominant. A more diverse
community occurred submersed, and this was totally reduced following liming but returned
in 1985 when reacidification was in progress. Pre-liming, the epiphytic community was
dominated by Mougeotia, but following a drastic reduction caused by liming, the re-
establishment during 1985 resulted in a community with Zygogonium as the dominant
species. A primary metaphytic community with Zygogonium as dominant was virtually
exterminated following liming and did not return during reacidification. In contrast to this,
a secondary community dominated by Mougeotia and Spirogyra was little reduced
following liming but species composition changed to a large extent during the progress of
reacidification.

Benthos and “active fauna”

There were several different responses of benthos following the liming in Lake
Lysevatten. From an almost fishless lake dominated by invertebrate predation, the system
changed as fish was introduced by restocking, and furthermore, improved water quality
enabled sensitive biota to survive following recolonisation. Notable changes include the
prolonged increase of Asellus aquaticus on successively deeper bottoms, and increasingi
population late after onset of reacidification, but again decline at the end of the
reacidification period. Total biomass of the abundant chironomids decreased following
liming and shifts in dominance between major groups occurred (most notably on the
profundal bottom), whereafter the biomass remained low throughout the post-liming period
and during early reacidification. Starting in 1985, however, there occurred major changes
during the final phase when biomass increased significantly and groups again shifted
towards a dominance pattern similar to pre-liming (Andersson Hultberg, 1997) The
reacidification decreased the abundance of the ephemeropterans above all Cloéon dipterum
and a gradual increase of invertebrates occurring pelagic. Following liming and restocking
with fish, the “active fauna” including corixids, Chaoborus and some species of
zygopterous odonates was almost extinct while being very dominant pre-liming when fish
was scarce. Observed changes reflected adaptation by mainly shifting to new habitat
(Chaoborus) and more strict regulation by predation (corixids, zygopterans, and partially
Asellus) as well as reactions to changes in the bottom habitat (chironomids), and most of
these again reversing during lake development towards reacidic condition.
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Pre-liming, the highest abundance of benthos was found in the littoral zone of both
Lake Hovvatn and Pollen. Following liming, ephemeropterans and chironomids increased
notably year by year up to and including 1983, the highest abundance of chironomids
occurred on the deeper bottoms (5 and 10 m.) though (Raddum et al., 1986). As has been
observed in other studies, these changes also included species shifts and by other changes
in benthic fauna may also include changed interactions. Thus, the “positive” changes to the
benthos community induced by limingoccurred progressively, in spite of the concurrent
trend with increasing acidity and aluminium levels in epilimnetic water. The occurrence of
lag periods in the reaction of certain species or groups of especially the benthic fauna
makes development more complex and indicate that both intrinsic as well as structural
dependent ecossystem factors may be important for the overall response.

In Woods Lake and Cranberry Pond, studies include epilimnetic insect assemblages
(“active fauna”) that before liming showed much of the typical characteristics of other
acidic and/or fishless lakes (Evans, 1989). This fauna component (hemipterans, Chaoborus
and zygopteran nymphs) is very vulnerable to predation from fish and as fish was restocked
in the lakes following liming, much of the observed decline to an almost complete
elimination hence was due to predation. As many benthic insects have populations
responding on an interannual basis, positive reactions proceed at the same time as
reacidification starts, examplified by fish taking amphipods as prey in late 1985 when
Cranberry Pond hastily became acidic. Therefore, missing remarks about reactions of
benthos or “active fauna” towards the beginning reacidification is not strange.

In Bowland Lake, the situation was rather similar, Keller et al., (1990b) concludes
that most of the observed changes in abundance, biomass, and size structure of benthic
organisms were the result of changes in the fish community. Furthermore, it is claimed that
many common acid-sensitive taxa had not appeared two years following liming due to
recolonisation in many situations being a process needing time.

Fish

Lake Lysevatten was devoid of fish one year before and one year after liming but
was successively restocked with both brown trout (Salmo trutta) and brook trout
(Salvelinus fontinalis). Early in the reacidification phase brown trout reacted negative with
lowered condition (Fulton’s index) and decreased catchability and from 1981 onwards,
brook trout reproduction ceased though already in 1979 a reduced recruitment was obvious
(Hultberg and Andersson, 1982; Andersson and Hultberg, 1997). Restocking with 1+
brown trout 1982 became a complete failure; no recapture of this year-class was recorded,
and in the years that followed several dead brown trout were sampled along shores,
especially in the spring. A few large brown trout in good condition (Fulton’s index >1) was
caught, while repeated catching occurred concurrently of identified specimens decreasing
in weight by around 30 % during a 13 month period. In the nearby similarly limed Lake
Bredvatten, a very severe acid event in 1977 resulted in a decreased Fulton index among
brown trout, and two years later, when the reacidification resulted in very low alkalinity,
the brown trout catchability decreased so even catches by gillnets became very low. A
repeated liming restored catchability and condition of caught fish had increased
significantly within one month after liming (Hultberg and Andersson, 1982).

Following liming of Lake Hovvatn, brown trout was restocked showing better
growth and condition (Fulton’s index) in Lake Hovvatn (lower stocking density) compared
to Pollen. The stocked brown trout attempted to spawn in the Lake Hovvatn, as observed
during 1983 (Raddum et al., 1986). The further development of these stockings was
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surveyed by Barlaup et al. (1989,1994), who observed decreased growth in successive
restockings as reacidification progressed. An acidity induced mortality was observed
(acidic water with high levels of inorganic labile aluminium), though apparently delayed
due to occurrence of refugia. Some of these effects were again reverted when liming was
repeated in 1987, though for many years reproduction impairment occurred due to winter —
springtime increases in acidity and labile aluminium (Barlaup ef al., 1998).

In Woods Lake and Cranberry Pond, restocked brook trout (Salvelinus fontinalis),
being the indigenous fish of this type of lakes, thrived as long as water chemistry was
acceptable, and in Woods Lake also some reproduction occurred. However, comparatively
quick reacidification of Cranberry Pond resulted in significant reduction of production and
biomass (increased mortality) as well as migration downstream to Woods Lake where
water chemistry remained suitable for a longer period (Gloss ef al., 1989; Schofield et al.,
1989). Similarly to Lake Lysevatten, a few fishes surviving the reacidification of Cranberry
Pond exhibited marked improvement in growth and excellent condition (Schofield et al.,
1989).

Following liming of Bowland Lake, remaining yellow perch (Perca flavescens) and
reintroduced lake trout (Salvelinus namaycush) successfully reproduced, and field tests
showed survival of lake trouts embryos to be much improved (Gunn et al., 1990).
Springtime episodic acid events continued to occur but no adverse effects to the fish
populations were observed. Inter- and intra-species competition influenced growth and
body condition (Fulton’s index) but towards the end of the study period both species
regained a better status despite increasing reacidification.

EXPECTED EFFECTS OF REACIDIFICATION

The reacidification process implies that acidic inflow progressively exhausts the introduced
alkalinity and replenish limed water, whereby acidity and metal concentrations of lake
water increase. A simple anticipation would be, disregarding possible hysteresis effects,
that much of what has been observed following original acidification again will be
observed. However, in objects where the limings only affected the lake or stream per se,
there exists one fundamental difference which could result in much higher rate of change
than originally. The initial acidification affected the surface waters only when the soil
buffering became significantly depleted. Currently, this soil buffering is severely exhausted
in many areas, and the response to concurrent, and in many cases even future, acid loading
will become immediate. Therefore, time perspectives for the reacidification depend of
hydraulic residence times and eventually some sediment buffering. Wetland liming as
method implies specific conditions regarding distribution of the limestone, lake or stream
characteristics efc., Terminated liming of wetlands might also be expected to include some
specific secondary effects caused by processes within the wetland soils, to a varying degree
dependent on site characteristics.

Reacidification effects on ecosystem structure and biological interactions

Lakes

The effects caused by reacidification will vary, probably within wide limits,
primarily dependent on intensity and rate of change (dependent of acid loading and water
residence time). However, the biological change will also to a variable extent be dependent
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on the structure of ecosystems and related to the biotic interactions regulating the system.
Initially, both structure and patterns of interaction will generally show a clear connection to
the specific acidification- and liming history, i.e. how much was any particular system
changed due to acidification and what amount of “recovery” has occurred following liming.
During the course of reacidification, changes like decreased or total loss of fish predation
would trigger changes that initially become more important than water chemical changes.
In the following of this section, the possible relations of these biotic mechanisms to the
issue of reacidification are outlined based both on known observations and more
hypothetically. A first major division of possible responses can be made based on two
possible acid loading extremes:

- HIGH ACID LOADING. Three different cases may be discernible based on structure and
intensity of biotic interactions mostly linked to composition and abundance of fish
populations.

i) A system undergoing reacidification may be devoid of fish, although this category is
a fairly unlikely one, it should generally comprise very small and remote headwater
lakes (with colonisation restrictions) solely limed to secure stream or river system
areas further downstream. Following liming, the structure of such a system would
generally have changed moderately as predator regulation by invertebrates continues to
dominate. However, temporarily more pronounced change (cf. Larsson, 1988, Stenson
et al., 1993) may have occurred and resulted in viable and sometimes very abundant
populations (cf. Hasselrot et al., 1984; Svensson et al., 1995). Such lake ecosystems
should be structurally and functionally rather stabilised if liming period has been long
enough for recolonisation to be almost “complete”. By reacidification, some acid- and
aluminium-sensitive species of both zoo- and phytoplankton would suffer population
losses and in many cases declines will be linked between trophic levels. Benthic and
“active fauna” reactions following liming would be much dependent on initial structure
and possibilities for immigration of different groups. Eventually established and
thriving populations of sensitive ephemeropterans and Asellus will be severely affected
as lakes reacidify. The same may hold for changes among chironomids (cf. Mossberg
and Nyberg, 1989), but among those species shifts will be linked to changes of the
bottom vegetation, with e.g. filaments of Mougeotia and Sphagnum plants reappearing,
creating a specific habitat structure. Such lake ecosystems are expected to quickly
revert to almost pre-liming conditions with a low species diversity, however, stochastic
establishment of single competitive species may, at least, temporary dominate such a
system.

ii) Some of the limed lakes only had remnants of a single-species fish population, be it
perch, pike, brown trout or arctic char. If immigration of other species is impossible
and no restockings are made, the lake will develop an ecosystem regulated by a single
top predator also following liming. This would generally imply a moderate but rather
selective predation pressure in case of pike, brown trout and arctic char. Created is an
ecosystem with low abundance of pelagic invertebrate predators and intensified
competition among zooplankton, giving some efficient filtering species a competitive
advantage which in turn may influence dominance among phytoplankton (cf. Svensson
et al., 1995; Nyberg, 1998). The change may however, implicate a dramatic increased
predation if perch reproduction is successful when also the resultant population will
become large but composed of stunted individuals. Predation by such a perch
population would regulate zooplankton composition towards smaller size
(complementary species) and thereby change the structure. In both cases, the benthic
community “recovers” presumably to a higher degree and comprises species numbers
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and diversity similar to pristine ecosystems if given time. The reacidification of such a
lake ecosystem may imply more drastic decreases of species diversity as several
sensitive species may disappear simultaneously with changes caused by altered
predator — prey interactions as the fish populations decrease. Rate of overall change
may cause a certain degree of instability as some interactive mechanisms disappear
without being replaced by new ones. This situation bears in some respects similarities
with the development observed in Lake Lysevatten (Andersson and Hultberg, 1997),
where the nuisance growth of Mougeotia was the most unexpected and undesirable
phenomenon occurring during reacidification. Within a decade of reacidification, such
lakes would probably end up with the typical and stabile “acid-state composition” (cf.
Stenson et al., 1993; Appelberg et al., 1993) although in a long-term perspective high
acid loading could ultimately eradicate the fish population transforming the system to
category 1), though this is not very likely accounting for the ongoing general decrease
of acid loading (cf. below).

ii1) Even in areas with high acid loading, liming during decades may result in
comprehensive recovery to almost pristine conditions, including a more diverse fish
fauna with a lot of interspecies interactions (cf. Appelberg, 1995). Such systems have a
multitude of predatory and competitive interactions within and between trophic levels.
If, for any reason, a species is lost this may be compensated via take-over of
functionally similar new or already present species resulting in little effect on the
system (cf. Havens and Carlson, 1998). When the reacidification affects several
sensitive species populations or cause decreased fish predation, responses due to
altered predator — prey and competitive patterns will occur and probably result in a
fundamental change of the system. This will temporary include increases of some
populations earlier inferior in a competitive interaction, such as perch versus roach,
when roach disappears due to its much higher sensitivity for acidification. Changes
will proceed for long and be slower than in the single species lakes, although the final
result presumably would be rather similar. The more complete ecosystem composition
and complexity of interaction patterns will probably diminish potential for unexpected
changes but also here rate of change may be important. The overall changes occurring
in this category of systems will include losses of biological diversity and in some
regions the reacidification may even affect classified endangered species.

- LOW ACID LOADING
1) Lake ecosystems of this category were less damaged and so were fish populations.
Thus competitive interactions and fish predation continued to be an important
regulative mechanism. Therefore, in many of these lakes changes occurring following
liming were minor and consequently, they will be so also during reacidification. Low
acid loading originally means low input of toxic aluminium and low risk for severe
episodic acid events, furthermore, this lake category may comprise quite a number of
those lakes currently estimated not to reach pH levels below 6. The reacidification in
this situation may, for the worst, cause a slowly decreasing recruitment to very
sensitive fish and loss of some very sensitive biota a development that even may halt or
reverse during time as external loading decrease further in the future. If a lake
ecosystem finally ends up with an ANC around zero, then variable pH and amounts of
toxic aluminium might cause interannual variation in species composition and
abundance giving the impression of a fairly unstable and changing system. However
total damage could still be moderate and e.g. fish production good.
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i1) A specific category comprises lakes that were limed before any significant
biological damage occurred. In such ecosystems, changes related to liming are
probably non-existent or minor, and the risks for future damages caused by
reacidification are really insignificant. Considering the decreased deposition that has
occurred during the last decade, and which will proceed, halting liming in such systems
would only affect ANC while changes of pH and toxic aluminium would be less. As
was noted above, any change in management in these systems must, however, consider
the risk for damage to endangered vulnerable species whose presence is much more
likely in these originally undamaged systems.

Streams

In streams, the importance of interactions between fish populations and the
invertebrate communities for structuring of the ecosystems is less clear although it is
generally presumed that the abiotic regime exerts a larger regulation (cf. Herrmann et al.,
1993). However, an example of the opposite relation is the specific co-occurrence of the
mussel (Margaritifera margaritifera) and brown trout, the mussel being dependent on the
fish for temporary holding and transporting their larvae. If fish disappears due to acidic
water the mussel reproduction stops, though populations can survive for long if conditions
are not too acidic. Anyhow, in virtually undisturbed communities, inter- and also intra-
species competition and predation among the invertebrate groups would be regulative
forces that contribute to the species composition of most streams. To what extent different
stream communities affected by limings has approached communities that could be judged
as pristine is perhaps controversially. Herrmann and Svensson (1995) repeated a stream
survey in southern Sweden, initially performed a decade or two before, where currently
regular limings were operational in several cases. They concluded that differences were
insignificant and relating to changes also in control streams, observations of species
composition probably being more dependent on actual seasonal weather characteristics.
Furthermore, they see the results as evidence for a fairly high degree of resilience in these
stream communities. On the other hand, Engblom and Lingdell (1984) have found clear
changes caused by acidification and clearly observed a recovery occurring progressively
downstream from a point where lime dosing was operational (Engblom and Lingdell 1985).
Trends of the same kind have been found also by Nilsson and Johansson (1985) in survey
studies on different stream liming methods.

As is the case for lakes, this difference may in part be due to differences in
acidification damage, i.e. severely depauperated communities show increases in species
number efc. “indicating recovery” while less perturbed communities (though species shifts
may have occurred) appear to change very little. If so, this also indicates the possible
responses to reacidification, which will become different mainly due to differences in acid
loading. In areas subject to high acid loading and severe acidification, originally much
damaged communities would be affected by a large and quickly occurring change when
acidity and higher concentrations of toxic aluminium again increase, initially presumably
by severe acid events. In contrast to this, most probably richer communities in areas with
less acid loading and low or moderate acidification, would be little influenced during the
consequently less severe reacidification. In the latter situation, the dynamic patterns of
species occurrence in streams should be noticed. Lingdell (1997) found during a long-term
study, a large number of species, although at any single occasion a rather fixed number
constituted the stream fauna assembly. This assembly consequently changed substantially
over time as many rare or only occasionally occurring species “passed by” as irregular
members of the fauna association. Among the latter group, there is probably endangered
species involved sometimes.
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Effects related to toxicity of metals

The potential of reacidification to affect metal toxicity includes several aspects of
both chemistry and biology. In acidic water, the solubility of metals released from
catchment or direct deposited may increase, this is in part due to decreased precipitation.
Furthermore the speciation will be changed to a larger portion of free, uncomplexed and
non-adsorbed forms, which will also increase the bioavailability of metals. Acidic water
may also have the potential to dissolve metals from bottom sediments where they have
been deposited during the period with limed water. This has been indicated by field data
from the case studies discussed above and shown by laboratory experiments. Furthermore,
some of the biological changes caused by reacidification may increase specific metal
burdens, i.e. the bioconcentration factor (BCF) increases, for diverse groups of organisms
as food web interactions change. These aspects of metals in the context of reacidification
are reviewed below.

Aluminium

Aluminium plays a central roll for the toxicity to organisms in acidified waters. The
most active forms are inorganic monomeric forms such as Al3+, AlOH," and other
positively charged inorganic complexes. The proportion of toxic Al-forms increase when
pH decreases below 6.0 (Driscoll, 1980; Borg, 1986). Numerous reports exist today on the
effects of Al to aquatic organisms, documented from laboratory tests as well as field studies
(e.g. Driscoll et al., 1980; Muniz and Leivestad, 1980; Baker and Schofield, 1982; Brown,
1983; Hornstrom et al., 1984; cf. Witters and Vanderborght, 1987; cf. Bergman and
Mattice, 1990; Herrmann et. al. 1993; Hornstrom et al., 1995). As an example, The LOEC
value for the very sensitive Atlantic salmon in soft waters is around 20 pg L™ inorganic Al
(Rosseland. and Skogheim 1986; Rosseland ef al., 1992; Rosseland and Staurnes, 1994;
Havas and Rosseland, 1995, Poléo et al. 1997). It has been shown that high concentrations
of inorganic Al causes more rapid changes in algal communities than acidity alone (Havens
and Heath, 1990). A comparison of plankton communities in strongly acidic lakes with low
and high levels of Al indicated that Al could contribute to the observation of low species
diversity of plankton communities (Hornstrom et al., 1984). Biotests also show significant
effects of Al on phytoplankton species at pH below 6,0 (Hornstrém et al., 1984). However,
it has also been shown that Al has toxic effects and bioaccumulates at pH>6.0. For
example, the maximum toxicity and bioaccumulation of Al in Daphnia magna was
observed at pH 6.5 (Havas 1985) and the phytoplankton species Monoraphidium griffithii
and M. dybowskii have shown growth reductions caused by Al at pH 6.8 (Hornstrom et al.,
1995).

Especially in areas with deep soil acidification, such as SW Sweden, where the
buffering capacity of the soil is exhausted, release of toxic Al compounds will probably
continue for a long time and contribute significantly to the load on the water systems
affected by reacidification. Aluminium will therefore continue to be an important negative
factor for aquatic life with risks for promotion of damages during a reacidification phase in
many water systems.

Cadmium
Similar to Al, also Cd show increased mobility with a shift to more dissolved forms
at lower pH in soil — water systems (Bergkvist, 1986; Borg and Andersson, 1984).
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Consequently, lakes with lower pH show a decreased sedimentation of Cd, relative to the
export from the lakes (Borg ef al., 1989). This was documented also in the vertical
distribution of Cd in the sediments of acidified lakes, showing a decrease in Cd
concentration in the most recently deposited sediment layers (Renberg 1985; Dickson et al.,
1995).

The biological uptake of Cd appears to decrease at very low pH-values in algae and
the water moss Fontinalis antipyretica, a mechanism presumably connected to a
competition with hydrogen ions at the cell membranes (Campbell and Stokes, 1985; Lithner
et al., 1995). Cd uptake in three species of Chaoborus larve was studied in 28 lakes in
Canada (Hare and Tessier, 1998). It was found that sediment Cd concentrations were
significantly correlated with larval Cd concentrations for one of the three species (C.
albatus). For all three species, larval Cd concentrations were significantly correlated with
total dissolved Cd concentration in the lake waters, if three very acidic lakes (pH 4.6 - 4.8)
from the Sudbury mining area were excluded from the calculation. The correlation between
Cd in larvae and Cd concentration in lake water improved further with the free Cd ion
concentration (calculated by the free ion activity model, FIAM). To explain the lower
uptake of Cd in Chaoborus larvae in the highly acidic lakes, the possibility of competition
with hydrogen ions and metal ions (e.g. Cu, Zn, Ca) was evaluated. The results of these
calculations suggested that hydrogen ions were the most probable competitor for Cd uptake
sites on organisms, rather than Cu*” and Zn*" (Hare and Tessier, 1998). Cd concentrations
in zooplankton, the food of Chaoborus larvae, have been shown to be lower in highly
acidic lakes than in circum-neutral lakes (Yan et al., 1990), indicating that similar
competitive mechanisms might be present at lower trophic levels, and also showing the
importance of uptake via the food chain. Similarly, the body burden of Cd in chironomid
larvae was lower at highly acidic conditions (pH 4.4) than at pH above 5.1, which also
might be explained by competition with hydrogen ions (Krantzberg and Stokes, 1988).
Among lakes polluted by smelter emissions, a decreased bioconcentration factor (BCF) in
northern pike and perch liver has been shown in acidic lakes when compared to circum-
neutral lakes. These results indicate that similar mechanisms are operating also at higher
trophic levels in lakes (Lithner et a/, 1995).

However, the bioaccumulation of Cd in biota has also been shown to increase with
increasing acidity and decreasing ANC in the water (Livonen et al., 1992). Similarly, Cd in
pike liver from 70 Swedish lakes ranging from circum-neutral to moderately acidified,
showed a negative correlation with pH (Bjorklund 1986). Cd in perch liver and benthic
invertebrates (Chaoborus and Chironomus) was also found to decrease following initiation
of liming, simultaneously with a decreased concentration of Cd in the water column and an
increased sedimentation of Cd (Andersson and Borg, 1988). The first lime dose was
relatively small and a temporary increase in Cd in the Chaoborus larvae was registered
during the first two years after liming, a response that was not observed after the second
larger lime dose. The reduced amount of Cd in perch livers might be connected to
improved general conditions in the lake after liming, with a more diversified and abundant
biota, besides a direct influence on Cd availability in water (Andersson and Holm, 1995).

Lead

In soil — water systems, lead (Pb) is less mobile than cadmium and usually occurs
more in complexes with organic substances and adsorbed on humus-iron colloids. When
pH reach values below 5.5, also Pb shows an increased mobility and a higher portion of the
dissolved (dialysable) form (Borg et al., 1989).
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The bioaccumulation of Pb in biota has been shown to increase with increasing
acidity and decreasing ANC in the water (Livonen ef al., 1992). Several biotests also
confirm Pb to be more toxic at lower pH. The pH-induced changes in speciation are more
important than any effect of hydrogen ion competition on cell membranes for Pb (Campbell
and Stokes, 1985). In acidic lakes, chironomid larva have a significantly higher body
burden of Pb compared to neutral lakes (Krantzberg and Stokes, 1988). Lead
concentrations in larve of three species of Chaoborus showed positive correlations with
total Pb in sediments and water of 28 Canadian lakes (Hare and Tessier, 1998). The
correlations were however strongly dependent on one or two of the study lakes. Larval Pb
levels in acidified lakes did not seem to deviate from the rest of the lakes. The
bioavailability of lead for fish have been shown to increase at lower pH, as the BCF
increased in perch liver in more acidic waters, even in relatively humic waters (Lithner et
al., 1995). A strong covariation between Pb in water and in Fontinalis sp. was also found,
indicating that H™ competition at biological surfaces was of minor importance for Pb
(Lithner et al., 1995).

Copper

As documented from regional lake surveys, Cu concentrations in water do not show
the same typical negative pH correlation as several other elements (Dickson, 1980; Borg,
1983, 1987). As Cu is an essential element, the capability of organisms to regulate its
concentration is more or less well developed. Hare and Tessier (1998) found indications of
an effective regulation of Cu in Chaoborus larvae in 28 Canadian lakes with widely
varying Cu concentrations in water and sediments. In lakes polluted by smelter emissions
in northern Sweden, BCF of Cu was highest in the benthic crustacean Asellus aquaticus,
compared to other invertebrates and fish. In this case, Cu in Asellus showed a linear
positive correlation with Cu in water (r* = 0.97, p <0.001), indicating a less pronounced
regulation of body burden. Similarly, Cu in perch liver in circum-neutral lakes increased
exponentially with the content in water (r* = 0.98, p <0.001). Cu in fish liver increased
especially when concentrations in lake waters were above 2 pg L™ Cu, perhaps indicating a
threshold above which the regulation no longer works. The acidified lakes in the material
showed elevated levels of Cu in fish liver, and the BCF was negatively correlated to pH (r*
=0.67, p <0.01), but did not correlate with water colour (Lithner ef al., 1995).

Mercury

Several early studies have shown that mercury levels in biota are elevated in
acidified lakes (Bjorklund ef al., 1984, Nilsson et al., 1989). The negative correlation
between Hg in fish and pH is particularly pronounced for the top predator northern pike in
lakes, where the acidification have caused an extinction of important prey like roach. The
northern pike in these lakes are forced to eat more perch, containing higher Hg levels than
roach. Calculations of the causes of elevated Hg levels in pike in ca. 900 Swedish lakes
showed that acidification explained about 35 - 40 percent of the variation, with domestic
and foreign emissions also contributing significantly to the explanation of the variance
(Nilsson et al., 1989). It was then concluded that high Hg levels in fish would continue to
be a problem for a very long time also during the next millennium.

Negative correlations have also been found for different mercury fractions in lake
water and pH of Swedish forest lakes (Meili ef al., 1991). In these lakes, pH and water
colour were strongly intercorrelated, showing an influence of humic substances on the
acidity. A multiple regression of Hg on pH and colour showed a stronger influence of
watercolour than of pH, except for one of the Hg species that was determined. However,
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difference in lake water pH may partly reflect difference in the loading of mercury to lakes,
as there is a covariation in the deposition patterns of Hg and acid. Furthermore, acidic lakes
are often found in areas with shallow soils, a condition that favours the export of recently
deposited Hg from soils (Meili ez al., 1991).

Studies of the effects of liming on mercury levels in fish have generally showed a
decrease of Hg in fish after liming (Andersson and Kérrhage, 1984; Hékanson et al., 1990;
Andersson et al., 1995). Lake liming and wetland liming reduce the Hg levels in northern
pike and perch with about 30 - 40 percent in a four year period (Hékanson et al., 1990).
Wetland liming was found to provide a better long-term effect. Liming on the whole
terrestrial part of the catchment did not seem to have any large influence on the transport of
Hg from soils, resulting in no further change of the mercury load to fish populations of the
lakes. However, wetlands are an important source of methyl mercury in many lakes (Rudd,
1995) and changes like liming or reacidification that may influence the production or
leaching of methyl mercury from wetlands imply a difference in loading to aquatic biota.

A tendency for the occurrence of lower Hg concentrations in fish in the most
acidified lakes (pH <5) has been shown in some studies (Verta et al., 1990, Andersson et
al., 1995). Following liming of such lakes, an increase of Hg concentration in fish was
measured (Andersson et al., 1989, 1991, 1995). Not until nine years later, the Hg levels in
northern pike again decreased below values that were observed before treatment started.
The same tendency was registered for different weight classes of perch. In a few lakes
located downstream of limed lakes, a slight increase of Hg in fish was also demonstrated
during the first years after liming (Andersson et al., 1991, 1995). In some cases, increased
or unchanged Hg concentrations in northern pike have also been registered after wetland
liming with relatively low doses, and some similar mechanism as observed in the case of
downstream lakes, might be involved. However, the majority of the lakes treated by
wetland liming, showed decreasing concentrations of Hg in northern pike (Meili, 1995).

Possible mechanisms influencing the pH — mercury relationship involve both direct
(deposition, transport, and production of methyl mercury) and indirect (lake-internal
trophic interactions) processes. The rate of synthesis of methyl mercury by microorganisms
in the sediments is lower at low pH, since acid tolerant microorganisms have a lower rate of
synthesis compared to the more diverse populations under ambient conditions. But, any di-
methyl mercury, which is produced, is converted to mono-methyl mercury by acid
hydrolysis. This reaction could increase the fraction of methyl mercury available for
accumulation in the water system and lead to increased concentrations in predatory fish
(Wood, 1985).

The transports of methyl mercury during different acidification — liming situations
are unfortunately not very well known, so the importance of changes in this factor could
only be speculative. However, assuming this transport being virtually unaltered even in
wetland or soil liming cases, the observed changes in mercury burden of biota should be
regulated by lake-internal changes. Thus successful limings resulting in profound biotic
changes and increased biomass/production would generally result in lower concentrations
of methyl mercury in biota through the whole food web. Less successful limings in the
context of biotic changes consequently would result in small or insignificant changes of
mercury concentrations or, as have been seen sometimes, even temporary increases.

In spite of a few exceptions such as the ones mentioned above, the overall
conclusion today is that liming reduces the Hg concentrations in northern pike and perch in
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a period of three to five years after the treatment started. Several earlier studies indicated
elevated Hg levels in acidified environments, and predictions show that the Hg load on the
lakes will decrease very slowly, even if the emissions decrease fast (Nilsson et al., 1989,
Meili, 1995; Meili et al. 2002). Of particular interest here is the study of methyl mercury
fluxes connected to the roof experiment at Gardsjon. So far, this experimental decrease of
the external mercury load to the soil by approximately 50 % has shown that the efflux from
catchment soils may slowly decrease significantly although interannual variation may be
large indicating complex regulation of the process (Munthe ef al., 1998). Accounting for
the slow change and the fact that in many situations catchment soil exports is enough to
cause the observed problems, the conclusion is that reacidification of earlier limed lakes
and watersheds pose a risk for elevated Hg concentrations, especially if the community
structure and food web is damaged.

Manganese

Similar to iron, the distribution and transport of manganese is dependent of the
redox potential, reduced forms showing higher mobility. In contrast to iron, manganese
occurs largely in dissolved (dialysable form) in soft waters (Borg and Andersson 1984,
Borg 1986, Borg et al. 1989). Lower pH contributes further to higher concentrations and a
larger portion in dialysable form. The release of Mn from wetlands decreased substantially
after liming (Borg et al., 1995) and Mn concentrations have been shown to decrease also in
lakes treated by lake liming (Persson et al. 1997). Lethal toxicity to caged brown trout in
mountain streams in Sweden was found to be connected to high levels of free non-
complexed inorganic Mn during acid events in the streams (Nyberg et al., 1995). These
results indicate that Mn might be more important to explain observed toxic effects in acidic
waters than traditionally have been considered.

Cobalt

The leaching of cobalt from soils, the residence time in waters and the transport is
enhanced in acidified environments (Granéli and Haraldsson, 1993; Borg and Johansson,
1989). A negative correlation with pH was shown in rivers from SW Sweden, draining
catchments at the Swedish west coast area, and a positive correlation was found to
aluminium in these waters (Granéli and Haraldsson, 1993). Cobalt is one of the important
essential trace metals for algal growth. It has been shown experimentally that the growth of
Chrysochromulina polylepis, causing algal blooms in Kattegat and Skagerrak, was
stimulated by the addition of cobalt (Granéli and Haraldsson, 1993). An increased leaching
of cobalt from acidified areas and an increased transport to the coastal waters via river
water might contribute to the toxic algal blooms occurring during recent years in the coastal
waters of SW Sweden. Responses of cobalt , especially concerning transport in relation to
liming s not well-known, hence the same holds for reactions following reacidification,
though it would be anticipated that the basic behaviour in acidic systems holds.

Evidence / risks for increased metal concentrations during reacidification

Metal concentrations in surface waters are dependent of different source and sink
processes with several other factors or mechanisms acting to modify the resultant metal
concentration. Modifying factors include e.g. pH, TOC, total chemical environment and
biological mechanisms promoting among other things the internal transformations of a
particular ecosystem. The sources include leaching from catchment soils or anthropogenic
dispersal either directly deposited on surfaces or transmitted via catchment soils.
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Anthropogenic emissions of most metals, and especially some industrially dependent heavy
metals such as lead, have decreased by up to 30 - 50 % continuously during the last decades
(Riihling et al., 1987, 1992). Thus both direct deposition to lake surfaces and deposition to
catchments have decreased, implying that for metals like Pb the input and consecutively the
concentrations in the water might have decreased. Inputs via transport from catchments
have probably decreased as well though transport mechanisms may sometimes be more
important for leaching than deposition to the soil per se. For these transport processes, acid
deposition and resultant changes in the soil could be an important contributing factor. In the
context of reacidification, a major influence on metal concentration is anticipated. The
effect being due to, either the acidity (pH) or to indirect processes (chemical or biological)
dependent of pH but affecting metals in the water.

In some areas with high acid loading, leaching from soils may be affected when the
reacidification is due to, or includes as a major part, halted liming of wetland areas. Such
changes would be anticipated to significantly effect the input of especially aluminium to the
surface waters downstream, as one reason behind this liming strategy has been the trapping
of aluminium within limed terrestrial parts. However, Hindar and Lydersen (1997) discuss
this possibility and conclude that for theoretical reasons, partially supported by some
practical experiences, this dissolution and leaching would not be instantaneous and the
resultant concentrations would seldom or never be significantly higher than before liming.
Although good proof is lacking, and the exact course of such a process is unknown, it
seems plausible that their conclusions hold and probably also is relevant for other heavy
metals. Consequently, there should be little risk for disastrous high aluminium levels
occurring shortly after halted liming, instead the liming effect is generally prolonged (ion
exchange) for a period afterwards. However, in areas with severely and deeply acidified
soils, the reacidification will successively lead to increasing aluminium concentration
aggravating the effects to the water biota.

In parallel with the above discussion on the re-dissolution of precipitates of
aluminium in wetlands, Hindar and Lydersen (1997) concludes that also aluminium
precipitated and deposited on lake bottoms should not dissolve preferentially and contribute
to higher than pre-liming concentrations. However, there is at least one observation on
aluminium indicating the opposite (Andersson and Hultberg, 1997) and for other metals
(Zn, Cd) Dickson et al. (1995) found very high concentrations above the sediment
following reacidification. Furthermore, experimental studies indicate the possibility for
rather large re-dissolution and efflux from precipitates or diagenetically transformed metal
species reciding in the sediments (cf. Eriksson 1998, Willstedt 1998; Willstedt and Borg
2002). However, the quantitative significance of these still very few observations is unclear
and so is the risk for a more widespread influence to the biota of lakes that would be
subject to reacidification. High acid loading and high export of acidity and metals from the
catchment to a surface water being reacidified will cause a decline in pH that rather early
will effect the speciation of metals in the water. In turn, this will affect the bioavalability —
bioaccumulation and change the precipitation pattern which usually would be anticipated to
imply a longer residence time in the water phase (Borg ef al. 1989). A severe and
prolonged reacidification would then mean a loss of species and generally a shortening of
food web structures (Appelberg ef al., 1993; Stenson et al., 1993) which may lead to faster
bioaccumulation and larger biomagnification (Hg) resulting in top predatory levels with
high body burdens. If fish ultimately disappears, there is still a risk for higher body burdens
in predators exploiting the invertebrate predators left in a lake (Eriksson, 1991).
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CURRENT TRENDS RELATED TO LAKES AT RISK FOR
REACIDIFICATION

During three decades with liming, substantial changes have occurred concerning
emissions of many air pollutants and this has consequently affected the deposition — input
to the surface waters. In general, a significantly decreased soil loading is the main result of
the observed declines for both acidic substances and metals. However, leaching from
acidified soils will continue to affect the surface waters for long periods before substantial
decreases occur (Moldan et al., 1999). This situation will affect the current and future
development in acidified and limed lakes and therefore is important regarding the present
issue of reacidification.

Acid deposition

The acid loading to large areas in Scandinavia culminated already during the middle
1970ies, when sulphur deposition to forested catchments in southern and southwestern
Sweden reached approximately 25 to 30 kg S ha™' y™' (cf. Hultberg, 1985b; Ferm and
Hultberg, 1998). In some of these areas, the critical load has been exceeded since the early
20th century and the long lasting acid load has resulted in large accumulations of sulphur in
the soils changing some soil characteristics profoundly and with changes notable to depth
of two meters or more. The current total deposition has declined to approximately 10 kg S
ha™ y' (Ferm and Hultberg, 1998), i.e. a reduction with approximately 60 %. The reduction
process now proceeds on a European scale (Lovblad et al., 1995; cf. Amann ef al., 1998),
and will reach an expected level of more than 70 % decrease by 2010, as compared to 1980.
Besides acid sulphur, the precipitation also contains nitrogen in both reduced and oxidised
forms, and these potentially acidic nitrogen compounds have been only marginally reduced
up to the 1990ies. Although, the actual acidity of the nitrogen compounds may be
manifested to a varying degree, today there are clear evidence for direct acidification
effects to surface waters in Norway (Henriksen and Brakke, 1988; Henriksen ef al., 1997).

The reductions of sulphur hitherto have resulted in deposition levels that in northern
parts of Sweden are below critical load for acidity, while for some regions in southern
Sweden a more far-reaching reduction than the 70 % presently agreed upon is necessary.
When the nitrogen deposition is also included it will result in a worse situation, as there are
also northern areas where critical load will continue to be exceeded (cf. Pleijel ef al., 1999).

Metal deposition

Certain species of mosses assimilate all their nutrients from the air, which makes it possible
to use them as a monitor for the metal deposition on the ground. Knowing the growth rate
of the mosses, it is also possible to compare the deposition of different years. The regional
moss surveys performed in Scandinavia since the 1970ies and in recent years also including
most parts of Europe, show a general decreasing trend for the deposition of most metals
during the period of investigation.
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The deposition of lead is primarily caused by long-range transport. There is a decreasing
gradient from south to north over Sweden (from about 20 mg kg™ to about 5 mg kg Pb in
moss). Of the analysed metals, the one showing the largest decrease of the deposition is Pb.
A decrease of 50% was measured between 1975 and 1985 and a further decrease of 30% in
the later surveys (Bernes 1987, Riihling et al. 1987, 1992). The latest surveys in 1995 and
2000 show that the decrease continues (Riihling ef al., 1996, and personal communication).
Similarly, Pb shows a significant decrease also according to monitoring of wet deposition
of metals. None of the other measured elements showed a decrease between 1985 and 1991
(Ross 1991).

The deposition of cadmium is also mainly a result of long-range transport. The deposition
is highest in SW Sweden and lowest in the northern parts of the country. There is a
decreasing trend with a 48% decrease during 1975 - 1985 and about 15% from 1985 - 1990
(Bernes 1987, Riihling et al. 1987, 1992).

Zinc in deposition is originating both from long-range transport and local sources. The
south to north gradient is less marked than for Cd and Pb. A reduction or about 20 % of the
deposition was measured in the earlier moss surveys 1975 - 1985 (Riihling et al.1987,
Bernes 1987).

The deposition of Cr, Ni and Cu is mainly caused by local pollution sources. Ni shows the
largest decrease of the deposition, about 20 % in the period 1985 - 1990, the corresponding
figures for Cr and Cu being 5 - 10 and 15% respectively (Bernes 1987, Riihling et al. 1987,
1992). Recent data on the deposition of Hg also indicate a decrease over Sweden,
especially from 1989 and onwards. The deposition in southwestern Sweden decreased from
27 pgm™ yr'in 1985 - 1989 to 10 pg m™ yr' in 1990 - 1992. The number of episodes
with high total gaseous Hg levels in air also decreased from 1990 and further on (Iverfeldt
et al. 1995). The decrease of the total burden of total gaseous Hg and the deposition of total
Hg is most likely caused by reduced emissions on the European continent.

Conclusively, the moss surveys show a decrease of the deposition of most metals during the
last 15 - 20 years. The decline is caused by improved control and treatment techniques for
emissions, as well as close down of older factories. In the case of Pb, the main reason is the
increased use of unleaded gasoline for vehicles. However, a comparison with low levels of
metals in mosses in Iceland, northern Alaska and Arctic Russia, which could be considered
as background values, indicates that the levels of Pb and Zn are still elevated, even in
Northern Sweden (Notter 1993, Ford et al., 1995; Allen-Gil et al., 2002).

SYNTESIS AND CONCLUSIONS

In spite of a rather restricted amount of observational data concerning
reacidification, some very obvious effects will follow if liming is terminated in lakes and
streams. Some further effects can be deduced by reference to development during
acidification of either the original ecosystem or by reference to similar objects. However,
the risk for significant hysteresis effects as occurring during development following liming
implyies that every single object must be carefully assessed for possible course of
development following a termination of liming.

Monitoring and recovery experiments in areas with high acid loading (cf. Wright et
al., 1993; Hultberg et al., 19982; Moldan et al., 1998) have shown that the effects on runoff
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chemistry have been substantial. Despite these effects, the runoft is acidic with high
concentration of aluminium and is projected to remain so for decades. This means that in
such areas any reduction in liming intensity inevitably will result in more or less severe
reacidification with ecosystems finally displaying only moderate improvement compared to
the pre-liming situation. In low deposition areas, with lakes originally less damaged, the
process of reacidification will, in contrast, be much prolonged and biological damage
presumably would be insignificant or will include only the most sensitive organisms if they
are present. If key species, or threatened (red listed) species are undamaged, temporary
ecosystem perturbations caused by a reacidification principally could be acceptable.
However, if fish populations are affected, effects may cascade through the food web and
the result will be more pronounced also in these latter ecosystems.

Number of lakes at risk

The total extent, in terms of number of limed objects, of an intentional
reacidification is not clear until final criteria for any selection procedure is applied.
However, in a preliminary study (SNV, 1997) the amount of objects left outside the future
national liming programme might well approach 25 %. If criteria become very strict, or
alternatively, the selection procedure for other reasons becomes less accurate related to the
risks for reacidification, this implicate that quite a number of lakes and streams would
undergo severe reacidification. The majority of these ecosystems will be located in the
southern parts of the country, where the acid loading in many cases will continue to
surmount the critical load for decades in the future.

One way of looking at the risk would be to select all the limed objects and use the
pre-intervention pH as a measure of a possible final status following the reacidification.
During this procedure, the change in acid loading is accounted for by an approximate
reduction of acidity by 50 % (roughly equal to an increase in pH of 0.3 units as final
endpoint) and assuming that this is transfered to the surface waters without further negative
or positive changes. This is certainly not fully true and more important, will not be realised
for long periods in many situations. As a first hint on the extent of reacidification this will
do as a more detailed knowledge of F-faktors (cf. Henriksen, 1980; Bernes 1992) for all
possible objects are not available making more sophisticated calculations impossible.

A total database comprising lake chemistry including pre-liming pH-values from
the 1990 national lake survey was kindly provided by C. Bernes (cf. Bernes, 1992). Among
the 4017 lakes, 618 were directly limed and another 136 influenced by liming of upstream
lakes. The statistical selection of these lakes makes it possible to deduce the development
for the complete population of limed lakes, approximately 7500 lakes. Hence, about 22 %
would suffer from reacidification to levels below 5.4 (zero alkalinity) and in approximately
53 % of the limed lake population the resultant pH might become less than 6.0. This
implies in the first case, 1700 lakes, most of which are located in the southern parts of the
country, and in the latter case, in total almost 4000 lakes. A most notable fact of this
preliminary calculation is that almost half the lake population would not reacidify to a
significant degree, though presently the dependence of a time factor must be observed.

Naturally, the risk for extensive biotic damage to the ecosystem will be rather high
as values below 5.4 definitively cause severe changes of many, if not all, fish populations.
The inevitable result would be a species poor more or less “typical acid lake ecosystem”, to
some unknown degree resembling much of the development in our case studies. Even
among the other more than 2000 lakes damages may follow in connection to a
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reacidification, but only in more severe cases where important fish fauna is negatively
influenced would changes (especially species losses) be significant. However, worth noting
is the fact that even among the group of lakes that still will have pH > 6.0 there are some
risks for damage to the most vulnerable species. If the concentration of inorganic labile
aluminium is above threshold level (ca. 20 - 25 ug L") species like Atlantic salmon and
some invertebrates (may include scarce and / or red listed species) are still endangered. As
noted above, at most ca. 25 % of limed lakes may be at risk to suffer from reacidification
However, there exits methods to minimise damage: careful selection for least valuable
objects, only temporarily postponing liming, and decreasing doses.

Conclusions

In this review we have tried to assess the risks that an intentional reacidification
would result in relation to the experiences gathered during a few case studies. Inferring
development of complex lake ecosystems with all the interactions between species based
on this restricted knowledge is to drive generalisation too far, so the conclusions should
rather be viewed as hypotheses. Nevertheless, we feel that we can conclude as follows:

e A general termination of liming will result in reacidification of about 1700
lakes to pH <5.4 and a further 2300 lakes would reach a final pH between
5.4 and 6.0. Most of the lakes ending up with the lowest pH values are
located in southern Sweden.

e The already achieved decreases of acid loading and further decreases in the
future will improve the situation, though less in the more severely acid
damaged lakes, and a significant recovery will in such systems generally
be postponed for decades.

e The reacidification in its more severe form implies large losses of species
diversity and the ecosystem structure will eventually approach the
composition of the initially acidified lake, eventually becoming fishless.

¢ Due to the comparatively rapid change occurring in sensitive systems,
resilience of these systems may be weakened whereby randomly occurring,
temporary uncontrolled population expansion (like the Mougeotia bloom
occurring in one experiment) may be seen in some lakes.

e The reacidification will generally increase the mobility of metals, and the
deposits in sediments or in wetland soils would partially dissolve. In severe
cases, the released metals may affect the biota of reacidified lakes and
streams.

e One specific problem will be the fast increase of inorganic labile
aluminium concentrations, thereby increasing the toxicity of the reacidified
water. That will significantly contribute to the structural changes, as the
important regulation by fish fauna is changed and eventually completely
disappears.

e Another problem is that both chemical and biological changes during
reacidification might enhance the accumulation of mercury in the biota,
hence aggravating a presently serious environmental problem.
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e Ifreacidification is allowed, there is a large risk for losses of species
diversity on local or even regional scale and several red listed species may
be negatively influenced.

If for administrative purposes, the future national liming programme is changed so
that subsidies for some objects are withdrawn, there is a potential risk for reacidification in
many cases. In order to minimise these risks, the selection procedure should be based on a
set of criteria that includes not only documented biological and other values of the objects
but also the risk for reacidification and biotic damage. Furthermore, there will be a number
of lakes that fails to meet criteria and therefore left to reacidify. The opportunities to assess
development among these objects by monitoring or experimental research should be
noticed as there is generally a lack of data for different types of ecosystems.

Implementing reacidification research in some well-known lake or stream objects
may at least contribute some future value to an otherwise hopelessly lost effort and
expenditure of money. Large perturbations imposed on ecosystems by acidification, liming
and reacidification may be inferred as whole-lake “experiments”. Such “experiments”
could contribute significantly to our understanding of ecosystem stability and resilience for
different sets of structural and functional factors, as well as enable detailed studies in
ecosystems on intra- and interspecies interactions. Thus the opportunity to perform
intensive ecosystem research on a multi-disciplinary basis related to these issues should be
evaluated carefully.
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Rapport 5249

Aterforsurning av sjoar
observerade och forvantade biologiska

och kemiska effekter

Denna rapport dr en oversikt av resultaten fran studier av effekter vid
aterforsurning av ytvatten dir kalkning avbrutits. Dessutom ingér en mer
omfattande litteraturdversikt (Appendix:Reacidification of limed surface waters
— Assessment of biological effects, a literature review, 1999-12-20. Kontrakt nr.
012-011-98-01, Dnr 802-000169-97-FF).

Resultaten fran hittills genomforda faltstudier av aterférsurning, visade snabba
fordndringar, i riktning mot det tidigare sura tillstdndet, med negativa effekter pa
ekosystemet och haltokning av aluminium m. fl. metaller i vattnet. Av de
kalkade sjoarna i Sverige berdknas ca 20 % kunna fa pH-vérden kring 5,4 (ingen
alkalinitet kvar) om kalkningen upphor. Flertalet av dessa dr beldgna 1 de mest
forsurningsskadade omradena i sydvéstra Sverige. I rapporten foreslas en
Oversyn av kalkningsverksamheten, med rekommendationer av urvalskriterier
for olika ytvatten vid en eventuellt minskad kalkning. Slutligen foreslés
forskningsinsatser for att belysa en del av de oklarheter som for nérvarande rader
om effekterna av aterforsurning. Rapporten riktar sig till de som arbetar med
forsurnings- och kalkningsfragor vid t ex lansstyrelser, kommuner och vid
universitet och hogskolor.
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